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ABSTRACT

Precipitation samples for total mercury (TM) were collected with a
modified MIC-B sampler concurrent with atmospheric gaseous
oxidized mercury (GOM) and particulate bound mercury (PBM)
concentrations on the roof of Graduate School of Public Health
building in Seoul, Korea from January 2006 to December 2009.
These samples were used to determine the seasonal variations in TM
wet deposition, to determine the contribution of GOM and PBM
scavenging to mercury wet deposition, and to identify source areas
contributing to the high TM wet deposition using a Lagrangian particle
dispersion model (LPDM).
The volume weighted mean (VWM) TM concentrations in 2006,
2007, 2008, and 2009 were 10.1 ± 17.0 ng L-1, 16.3 ± 16.5 ng L-1, 14.3
± 11.9 ng L-1, and 10.2 ± 14.8 ng L-1, respectively and the TM wet
deposition flux in 2006, 2007, 2008, and 2009 were 16.8 µg m-2, 20.2
µg m-2, 18.5 µg m-2 and 16.4 µg m-2, respectively.
During the sampling period, the VWM TM concentration was
highest in winter, followed by spring, fall, and summer while the wet
deposition flux was highest in summer, followed by spring, fall, and
winter.

i

Nonparametric Mann-Whitney test revealed that there were
statistical differences in VWM TM concentration between winter and
other seasons (p<0.01) and there were statistical differences in wet
deposition flux between summer and other seasons (p<0.01) except
winter (p=0.09). The high VWM TM concentration in winter was
associated with the combined effect of the low rainfall depth and high
speciated mercury (GOM and PBM) concentrations. In addition, the
high VWM TM concentration in spring was due to the yellow sand
events suggesting that GOM and PBM present in the rain were longrange transported from China during this period. Yellow sand events
occurred immediately prior to wet deposition events in 2006 and in
2007. During those periods GOM and PBM concentrations were
elevated resulting in high VWM TM concentrations.
The high TM wet deposition flux in summer (53% of total TM wet
deposition flux) was primarily due to the high precipitation rate in
summer (77% of total rainfall depth).
Multiple linear regression showed that scavenging coefficient (SC)
for GOM was much higher than SC for PBM suggesting that GOM was
more effectively scavenged by wet deposition than PBM (SCGOM = 715
and SCPBM = 407).
Joint-probability LPDM (JP-LPDM) indicated that the main sources
of TM wet deposition were Guizhou, Guangdong, Liaoning, Hunan,
ii

Shaanxi, Nei Mongol and Gobi Desert. This suggests that both
anthropogenic sources such as industrial areas and natural source areas
such as deserts contributed to the high TM concentration in Seoul,
Korea.

Key words: total mercury (TM), gasoues oxidized mercury (GOM),
particulate bound mercury (PBM), wet deposition, scavenging
coefficient, Joint-probability LPDM (JP-LPDM)
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Chapter 1
Introduction

1.1.

Backgrounds

Mercury (Hg), a well-known environmental toxic pollutant, is among
the most highly bioaccumulative trace metals in the food chain (Meili,
1991) and is now classified as a persistent bioaccumulative and toxic
(PBT) chemical by the United States Environmental Protection Agency
(U.S. EPA, 1997). Mercury continuously goes through the emission
and deposition cycle after its release, and therefore the atmosphere
plays an important role in the environmental cycling of mercury.
Mercury can be distributed long distances from sources through
atmospheric transport in its gaseous elemental form (Bullock et al.,
1998; Mason et al., 1994; Mason and Sheu, 2002; Petersen et al., 1995)
so the relationship between source and environmental effects is
complex.
Mercury has various physical and chemical forms including different
oxidation states making its behavior complex. After release into the
environment mercury can be transformed from one species to another
via photo-oxidation, photo-reduction, reactions with halides, and other
-1-

oxidation/reduction reactions. Therefore these transformations are very
important because various species of mercury have different
characteristics with respect to solubility, volatility, and deposition
velocities (Bullock and Brehme, 2002; Fitzgerald et al., 1998; Grigal,
2002; Schroeder and Munthe, 1998; Xu et al., 2000).
Gaseous elemental mercury (GEM) is the predominant form in
ambient air (> 95%) and its residence time is 0.5 ~ 2 years due to its
low solubility and inertness (Schroeder and Munthe, 1998) which does
not allow it to be efficiently incorporated into wet deposition.
On the other hand, gaseous oxidized mercury (GOM) is very water
soluble, with relatively strong surface adhesion properties (Han et al.,
2005) and can be scavenged by rain within precipitating clouds and
below clouds (Lin and Pehkonen, 1999). GOM has a significantly
larger scavenging ratio and deposition velocity than GEM (Lindberg
and Stratton, 1998).
Particulate bound mercury (PBM) can be wet deposited relatively
efficiently if its host particles are in or below precipitating clouds
(Cohen et al., 2004). As a result, the predominant form of mercury in
wet deposition is in the oxidized (GOM) or particulate forms (PBM).
Mercury is emitted from both natural sources such as volcanoes,
weathering of rock, oceans, biomass burning, vegetation, geothermal
sources and topsoil enriched in mercury, and from anthropogenic
sources such as fossil fuel combustion, cement production, chlor-alkali
-2-

facilities, ferrous and non-ferrous metals manufacturing facilities, ore
processing facilities, incinerators, industrial uses (batteries, electrical
apparatus, etc.), chemical production facilities and re-emission of
previously deposited anthropogenic mercury (Pirrone et al., 2010;
UNEP, 2002).
Pacyna et al. (2006) reported that much of the worldwide
atmospheric mercury in 2000 originated from coal combustion (65%),
gold production (11%), non-ferrous smelters (7%), and cement
production (6%). Selin et al. (2007) also suggested that anthropogenic
sources contribute approximately 60% to total global emissions, which
is almost 1.5 times the contribution of natural sources.
Atmospheric transport, fate, and bioaccumulation of mercury and
methylmercury (MeHg) are critical contamination issues. Especially,
mercury contamination of fish is a widespread problem with important
public health concerns (Fitzgerald and Clarkson, 1991; Lindqvist et al.
1991; Weiner and Stokes, 1990). Previous studies reported high
concentrations of methylmercury in fish in non-industrial areas such as
the Arctic (Wagemann et al., 1996; Evers et al., 1998; Muir et al.,
2001).
The increasing concentration of mercury, principally as MeHg, in
higher trophic levels of the aquatic food chain contrasts sharply with
that of other trace metals whose concentrations remain constant or
decrease with increasing levels in the aquatic food web (Mason et al.,
-3-

1995). Although low levels of mercury are present in the ambient air,
atmospheric mercury can be transported over long distances because of
the long lifetime of GEM. Therefore, mercury can affect ecosystems on
local, regional, and global scales.
Mercury exposure can induce serious neurological conditions in
humans such as paresthesia, memory loss, slurred speech, tremors, and
cerebellar ataxia, even at low concentrations (Cranmer et al., 1996).
Seigneur et al. (2004) estimated that 21% of total mercury wet
deposition in the United States originated from China. According to
Weiss-Penzias et al. (2007), 31% of Hg0 high concentration events at
Mt. Bachelor Observatory, a remote location on the West Coast of the
U.S. were due to long-range transport from East Asia, including China.
Many studies have attempted to characterize mercury wet deposition
(Glass and Sorensen, 1999; Guo et al., 2008; Huang and Gustin, 2012;
Keeler et al., 2006; Lai et al., 2007; Mason et al., 2000; Prestbo and
Gay, 2009; Risch et al., 2011; Sakata and Marumoto, 2005; Selin and
Jacob, 2008) and there have been a few prior studies that used a
Lagrangian Particle Dispersion Model (LPDM) to obtain the sourcereceptor relationships. However, there have been no studies involving
mercury wet deposition data.
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1.2.

Overviews

This dissertation consists of 5 chapters. Chapter 1 presents an
introduction that reviews related research backgrounds, and associated
details of the objectives of this study. Chapter 2 presents a theoretical
background of the fundamental knowledge about mercury compounds
and receptor models. Chapter 3 and Chapter 4 discuss the
“Characteristics of total mercury (TM) wet deposition: Scavenging of
atmospheric mercury species” and “Source identification of total
mercury (TM) wet deposition using a Lagrangian Particle Dispersion
Model (LPDM), respectively. Chapter 5 summarized the major findings
in this study.

1.3.

Objectives

The overall objectives of this study were to determine the seasonal
variations in atmospheric wet deposition of total mercury (TM), and
identify the possible source locations using receptor model. To
accomplish these objectives, total mercury wet deposition was
measured and combined with calculated back-trajectories and backdispersion.

The specific objectives of this study were summarized as follows:

-5-

1. To determine the seasonal variations in atmospheric wet deposition
of total mercury (TM) in Seoul, Korea
2. To identify the relationship of total mercury in precipitation among
the

variables

(e.g.

rainfall

depth,

volume-weighted

mean

concentration, flux)
3. To identify the source locations of TM wet deposition in Seoul,
Korea. The modeling results were compared with a recent
emissions inventory.

-6-
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Chapter 2
Theoretical background

2.1.

Physical and chemical properties of mercury

Mercury (Hg) is a chemical element with atomic number 80 and
atomic weight 200.59. Mercury is the only metal that is liquid at
standard condition for temperature and pressure. Mercury has a high
surface tension, high specific gravity (13.55 at 20oC), low electrical
resistance, and a constant volume of expansion over the entire
temperature range of its liquid state (Schroeder and Munthe, 1998).
As mentioned before, Mercury is capable of existing in three
oxidation states: 0, + 1 and + 2. In the atmospheric environment,
mercury exists predominantly in the elemental form (oxidation state 0)
and in the + 2 oxidation state, with the + 1 oxidation state being very
rare, if it exists at all.
The physical and chemical properties of mercury and mercury
compounds are summarized in Table 2-1.
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Table 2-1. Physical/chemical properties of mercury and its compounds
Property

Hg0

HgCl2

HgO

HgS

CH3HgCl

(CH3)2Hg

Melting point (oC)

-39

277

decomp. @+500oC

584
(sublim.)

167
(sublim.)

-

Boiling point (oC)

357 @1atm

303 @1atm

-

-

-

96

Vapor pressure (Pa)

0.180 @20oC

8.99×10-3
@20oC

9.2×10-12 @25oC

n.d.

1.76 @25oC

8.3×103 @25oC

Water solubility (g/l)

49.4×10-6 @20oC

66 @20oC

5.3×10-2 @25oC

~2×10-24 @25oC

~5-6 @25oC

2.95 @24oC

Henry’s law coefficient
(dimensionless)

0.30a @20oC
0.32 a @25oC
0.18 a @5oC

3.69×10-5
@20oC

-11

n.d.

1.6×10-5 a @15oC
and pH=5.2

646 @25oC
0.31a @25oC
0.15@0oC

Octanol - water
partition coefficient

4.2a

0.5a

n.d.

2.5a

180a

3.76×10

o

@25 C

-
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The atmospheric chemistry of mercury involves partitioning between
gaseous, aqueous and solid phases, and chemical reactions in the
gaseous and aqueous phases. Photochemistry is also significant in the
oxidation and reduction of mercury in the environment. The interaction
between mercury atmospheric processes and chemistry is shown in
Figure 2-1.

Source: Pirrone et al. (2001a)

Figure 2-1. Mercury oxidation, reduction, and mass transfer
processes in the atmosphere

2.2.

Mercury in the environment

Most of the mercury found in the environment is in the form of
elemental (metallic) mercury and inorganic mercury compounds.
Elemental and inorganic mercury enters the air from mining deposits of
ores that contain mercury, from the emissions of coal-fired power
- 13 -

plants, from burning municipal and medical waste, from the production
of cement, and from uncontrolled releases in factories that use mercury.
Metallic mercury is a liquid at room temperature, but some of the metal
will evaporate into the air and can be carried long distances. In air, the
mercury vapor can be changed into other forms of mercury, and can be
further transported to water or soil in rain or snow. Inorganic mercury
may also enter water or soil from the weathering of rocks that contain
mercury, from factories or water treatment facilities that release water
contaminated with mercury, and from incineration of municipal
garbage that contains mercury (for example, in thermometers, electrical
switches, or batteries that have been thrown away). Inorganic or
organic compounds of mercury may be released to the water or soil if
mercury-containing fungicides are used. Microorganisms (bacteria,
phytoplankton in the ocean, and fungi) convert inorganic mercury to
methylmercury. Methylmercury released from microorganisms can
enter the water or soil and remain there for a long time, particularly if
the methylmercury becomes attached to small particles in the soil or
water. Mercury usually stays on the surface of sediments or soil and
does not move through the soil to underground water. If mercury enters
the water in any form, it is likely to settle to the bottom where it can
remain for a long time.
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The relationship between source and environmental effect is
complex because mercury is redistributed over long distances via the
atmosphere (Bullock et al., 1997, 1998; Petersen et al., 1995; Mason et
al., 1994; U.S. EPA, 1993, 1996; U.S. DOE, 1996). Because of
different physicochemical characteristics, each mercury species
behaves differently in various environmental media, and undergo wet
and dry deposition, evasion from soil, and sedimentation in aquatic and
terrestrial ecosystems to different extents (Mason et al., 2005).
Deposition of natural and anthropogenic mercury is its main pathway
to most aquatic systems, either as direct deposition to the water surface
or as indirect deposition in runoff from the watershed (Mason et al.,
1994; Miller et al., 2005; Pirrone et al., 2001; Pirrone et al., 2010;
Risch et al., 2011). There is a significant portion of mercury in wet
deposition which originates from the global transport of elemental
mercury through its chemical conversion to the divalent form, aerosol
scavenging and subsequent incorporation into precipitation (Dastoor
and Larocque, 2004). Therefore, the understanding of mercury
speciation and chemistry are important to atmospheric deposition.

2.2.1.

Mercury in air

2.2.1.1. Gaseous elemental mercury (GEM)
Gaseous elemental mercury (GEM) is the predominant form in
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ambient air (> 95%) and its residence time is relatively long (0.5 ~ 2
years) due to its low solubility and inertness (Slemr et al., 1985; Tokos
et al., 1998) which does not allow it to be efficiently incorporated into
wet deposition. Vegetation is an important sink for GEM as are direct
dry deposition and homogeneous/heterogeneous oxidation reactions
(Ericksen et al., 2003; Gustin, 2011; Lin et al., 2006; Lin et al., 2007)
GEM is vertically well mixed in the troposphere and its typical
concentration is reported as ~1-4 ng m-3 at background sites (Lin and
Pehkonen,

1999;

Slemr

and

Langer,

1992),

however,

GEM

concentrations can be elevated to be as high as 10 ng m-3 in urban or
industrial areas (Chen et al., 2004; Fthenakis et al., 1995).
Consequently, GEM predominates in the atmosphere, and is thought to
be relatively inert resulting in global transport (Schroeder and Munthe,
1998).

2.2.1.2. Gaseous oxidized mercury (GOM)
Mercurous mercury (Hg+) is rarely stable under environmental
conditions as it is rapidly oxidized to mercuric forms (Hg2+) by
hydrolysis (Schroeder and Munthe, 1998; U.S. EPA, 1997). Gaseous
oxidized mercury (GOM) (Hg2+), therefore, is the most common form
of oxidized mercury.
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Gaseous oxidized mercury (GOM) is very water soluble, with
relatively strong surface adhesion properties (Han et al., 2005) and can
be scavenged by rain within precipitating clouds and below clouds (Lin
and Pehkonen, 1999). It has very high dry deposition velocity which is
similar to HNO3 (1~5 cm sec-1) if it is assumed that all GOM is HgCl2
(Petersen et al., 1995). Therefore the contribution of GOM in total
deposition to surfaces is probably very high even though its
concentration is typically less than 5% of total gas phase mercury.
Once released to the atmosphere, GEM (Hg0) is oxidized to GOM
(Hg2+) via gas-phase or aqueous phase reactions (Lin and Pehkonen,
1999; Schroeder et al., 1991; Seigneur et al., 1994), and Hg2+ is further
associated with organic or inorganic compounds, existing as gases (e.g.,
HgCl2 or Hg(OH)2), aqueous phase (e.g., HgCl2, Hg(OH)2 or sulfites)
or particulate phase (e.g., HgO or HgS) (Lindqvist and Rodhe, 1985;
Schroeder et al., 1991).
GOM is efficiently absorbed by cloud droplets during rain formation
(Petersen et al., 1995), scavenged in precipitation and dry-deposited
over 100 times more readily than GEM (Lindberg, et al., 1992). These
rapid removal processes result in a relatively short atmospheric
residence times (~days) with a transport of tens to hundreds of
kilometers from source areas (Slemr et al., 1985; Tokos et al., 1998).
The travel distance of GOM depends on the characteristics of sources
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such as emission height and meteorological conditions (Fthenakis et al.,
1995), oxidant levels (Poissant et al., 2005).

2.2.1.3. Particulate bound mercury (PBM)
It is well known that vapor phase mercury constitutes the vast
majority of the atmospheric mercury burden, but particulate bound
mercury (PBM) (Hgp) may actually play a disproportionately large role
in the amount of mercury in the various environmental compartments
(Keeler et al., 1995) especially for mercury deposition into terrestrial
and aquatic ecosystems. PBM is associated with airborne particles such
as dust, soot, sea-salt aerosols, ice crystal (Lu and Schroeder, 2004) or
is likely produced by adsorption of GOM species (e.g. HgCl2) onto
atmospheric particles (Sakata and Marumoto, 2002 ; Gauchard et al.,
2005; Lu and Schroeder, 2004). A previous study reported that PBM
concentrations were correlated to the amount of particles in the
atmosphere (Hall et al., 2006).
Schroeder et al. (1991) indicated that atmospheric PBM can be
represented by the following compounds such as HgO, HgS, HgCl2,
HgSO4, Hg(NO3)2. Particulate bound mercury (PBM) can be wet
deposited relatively efficiently if it is associated with particles in or
below precipitating clouds (Cohen et al., 2004). PBM is removed fast
from the atmosphere although the dry and wet deposition velocities are
- 18 -

not as high as that of GOM. Background concentrations of PBM have
been shown to be 0.2-0.9% of TGM (Slemr et al., 1985), but it accounts
for 71% of the total atmospheric mercury load in the Artic has been
observed during the elevated episodes (Lu and Schroeder, 2004).
Atmospheric transport of PBM is significantly affected by its particle
size distribution and ranges from hours to many days (Schroeder and
Munthe, 1998), and it is likely to be deposited at intermediate distances
contributing significantly, like GOM, to both wet and dry deposition
(Lynam and Keeler, 2002). PBM transported from source areas in
Central Europe 500-800 km northward (Wängberg et al., 2001), and
regional coal combustion might lead to an elevation of PBM in winter
(Zielonka et al., 2005). Typical background levels of PBM range
between 1 and 100 pg m-3 (Keeler et al., 1995; Wängberg et al., 2001).

2.2.2.

Mercury in water

GEM (Hg0) is predominant in the atmosphere. GEM is deposited by
wet deposition after it is converted to GOM (Hg2+) through oxidantmediated reactions mainly in cloud droplet.
Mercury exist in different chemical forms in freshwater including
dissolved gaseous mercury (DGM, Hg0), dissolved reactive mercury
(DRM, Hg2+), and organic mercury, mainly in the form of
methylmercury (MeHg) (CH3Hg+) (Morel et al., 1998). The majority of
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mercury in aquatic ecosystems is in the inorganic form (about 95 to
99 %) (Krabbenhoft, 1998), however, a high level of mercury in fish
tissues is observed when dissolved mercury in natural water systems
exists mostly in organic forms (Gill and Bruland, 1990). Major
oxidation pathways of Hg0 in aqueous phase are as follows (FinlaysonPitts and Pitts, 1986; Lin and Pehkonen, 1997; Munthe, 1992; Zepp et
al., 1987).

Hg0(aq) + O3(aq) +2H+
Hg0(aq) + • OH(aq)
Hg+(aq) + • OH(aq)
HOCl(aq) + Hg0(aq)

Hg2+(aq) + H2O + O2(aq)
Hg+(aq) + OH-(aq)
Hg2+(aq) + OH-(aq)
Hg2+(aq) + Cl-(aq) + OH-(aq)

(2-1)
(2-2)
(2-3)
(2-4)

Hg0 can be oxidized by chlorine (Cl2) in the aqueous phase
(Kobayashi, 1987). Before the oxidation of Hg0 by aqueous chlorine
can take place, Cl2 must be scavenged into the aqueous phase. The
previous studies reported that the Hg0 oxidation rate increase with the
presence of chloride ions (Amyot et al., 1997; Lalonde et al., 2001),
and sunlight (Amyot et al., 1994; Lalonde et al., 2001, 2004)
GOM is mainly deposited from air to water by dry and wet
deposition (Fitzgerald et al., 1991; Keeler, 1994), and it has two fates;
ⅰ) adsorption to sediments where it may be transformed to MeHg,
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which is the most toxic environmental mercury species, ⅱ) reduction
to DGM (Slemr et al., 1985; Tokos et al., 1998). DGM is volatile and
therefore it is rapidly emitted to the atmosphere, or it may be oxidized
to DRM and potentially methylated to be bioavailable in the food chain.
Once GOM is deposited into surface water, it tends to be reemitted
after reduction to elemental mercury. The important reduction
pathways are as follows (Pleijel and Munthe, 1995; Pehkonen and Lin,
1998).

Hg(II)(aq) + SO32-

HgSO3(aq)

(2-5)

HgSO3 (aq)

Hg0(aq) + S(VI)

(2-6)

Hg(I)(aq) + O2(aq) + H+(aq)

(2-7)

HO2 • (aq) + Hg(II)(aq)
HO2 • (aq) + Hg(I) (aq)

Hg0(aq) + O2(aq) + H+(aq)

(2-8)

After oxidation of Hg0 to Hg2+ or direct deposition of Hg2+ in
water column and sediments, Hg2+ is methylated by microbes to
methylmercury compounds with higher mobility and solubility under
primarily anaerobic conditions (Stein et al., 1996).
The oxidation state of mercury in aqueous environments is affected
by the temperature, dissolved oxygen, conductivity, pH, and oxidationreduction potential (ORP) (O’Driscoll et al., 2003). Hg0 prefers the
vapor phase more than at lower temperatures at higher temperatures.
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This is likely due to changes in the Henry’s Law constant for elemental
mercury, which decreases as temperature decreases (Sanemasa, 1975).
For example, the Henry’s law constant changes from 0.33 at 23 ℃ to
0.28 at 16 ℃ due to its temperature dependence (Schroeder et al.,
1991; Amyot et al., 2000). In addition, the concentration of dissolved
organic carbon (DOC) and pH have a strong effect on the ultimate fate
of mercury in an ecosystem. The previous studies have shown that for
the same species of fish taken from the same region, increasing the
acidity of the water (decreasing pH) and/or the DOC content generally
results in higher mercury levels in fish, an indicator of greater net
methylation. Higher acidity and DOC levels enhance the mobility of
mercury in the environment, thus making it more likely to enter the
food chain (Driscoll et al., 1995).
Mercury and methylmercury exposure to sunlight (specifically UV)
has an overall detoxifying effect. Sunlight can break down
methylmercury to Hg2+ or Hg0, which can leave the aquatic
environment and reenter the atmosphere as a gas (Sellers et al, 1996).

2.2.3.

Mercury in soil

The previous studies suggest that emissions of mercury from the
soils play a significant and integral part in global and regional mercury
budgets (Gustin et al., 2000; Lindberg et al., 1995; Schroeder and
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Munthe, 1998). Soils are highly complex natural systems with
important characteristics that affect soil mercury emissions. They host a
various microbial communities that can influence on mercury biotic
transformations. In addition, they have extremely large inorganic and
organic surface areas. Therefore, both abiotic and biotic surface
reactions play very important roles in the fate of mercury deposited to
the soil surface (Zhang and Lindberg, 1999).
Mercury in soils is predominantly in the form of oxidized mercury,
however the majority of the gaseous mercury emitted from soils is Hg0
(Schlüter, 2000). Therefore, mercury must be reduced from Hg2+ to Hg0
in order to be released. This reduction can be occurred in water or soils
by biotic processes (Barkay et al., 2003; Rogers, 1979; Rogers and
McFarlane, 1979; Schlüter, 2000) or abiotic processes including
photolysis and redox reactions with fulvic or humic acids (Alberts et al.,
1974; Allard and Arsenie, 1991; Costa and Liss, 1999, 2000; Schlüter,
2000; Skogerboe and Wilson, 1981; Zhang and Lindberg, 2001).
The previous studies report that Hg0 emissions from soil are
positively correlated with ambient air temperature, soil surface
temperature, and solar radiation, resulting in a diurnal pattern with a
maximum during the afternoon. It is negatively correlated with relative
humidity and soil wetness (Carpi and Lindberg, 1997, 1998; Gabriel et
al., 2006; Gustin and Lindberg, 2000; Gustin et al., 1997, 1999; Kim et
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al., 1995; Leonard et al., 1998; Moore and Carpi, 2005; Wallschläger et
al., 1999, 2000; Wang et al., 2005). Mercury emission from the soil
containing less than 1 μg Hg g-1 and low in organic matter is dominated
by biological processes, whereas soils with higher organic matter
contents favor abiotic mediated evaporation (Rogers, 1979; Rogers and
McFarlane, 1979; Schlüter, 2000).
Consequently, the soils are regarded as a net sink for wet and dry
deposition of atmospheric mercury and important mercury sources due
to its large surface area (Nater and Grigal, 1992; Carpi and Lindberg,
1998).

2.3.

Atmospheric wet deposition of mercury

Mercury wet deposition is one of the most useful measurements of
mercury that can be made to evaluate mercury input to sensitive
ecosystems and monitor long-term trends. With proper trace metal
clean techniques, a high quality laboratory and relatively inexpensive
equipment, wet deposition of mercury can be measured routinely.
Experts have demonstrated that four key components are required for
accurate mercury wet deposition measurements: (1) a trace clean
sample train with an HCl preservative in the collection bottle, (2) a
temperature-controlled collector with an automated rain sensor, (3) a
rain gauge to verify the rainfall depth collected, and (4) a cold vapor
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atomic fluorescence spectrometer (CVAFS) system to measure the
mercury concentration (Landis and Keeler, 1997; Mason et al. 2000;
Vermette et al. 1995). In addition, manual event-based mercury wet
deposition sampling, which requires the presence of an operator to
install and/or uncover the sample train for individual precipitation
events, is also a possible technique for use in intensive studies (Dvonch
et al. 1998; White et al., 2009).
However, atmospheric wet and/or dry deposition of mercury is
complex due to the combination of global and synoptic-scale transport,
synoptic meteorological systems, and chemical reactions along the
transport, and therefore mercury deposition can be originated from
local, regional and/or global scales (Dastoor and Larocque, 2004).
Deposition of natural and anthropogenic mercury is its main pathway
to most aquatic systems, either as direct deposition to the water surface
or as indirect deposition in runoff from the watershed (Mason et al.,
1994; Miller et al., 2005; Pirrone et al., 2001; Pirrone et al., 2010;
Risch et al., 2011).
In general, mercury deposits in the form of GOM and/or PBM due to
their high scavenging ratio and dry deposition velocity. GEM can
indirectly be scavenged after chemical oxidation reaction.
Wet deposition is the removal of pollutants from the atmosphere
through atmospheric hydrometeors, such as cloud, fog drops, rain and
snow. The overall wet deposition flux of a contaminant is the sum of its
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transfer from cloud to rain (washout or in-cloud scavenging) and
scavenging

by

falling

hydrometeors

(rainout

or

below-cloud

scavenging) (Seinfeld and Pandis, 1998).
Wet deposition of mercury is generally composed of scavenging of
GOM and PBM by precipitation. In addition, homogeneous and
heterogeneous oxidations of GEM to GOM can occur as both in-cloud
and during air mass transport (Mason et al., 1992, 1997, 2000; Pleijel
and Munthe, 1995). Precipitation generally effectively scavenges
particles during the initial rainfall period, followed by smaller washout
(Mason et al., 1997) with relatively similar mercury concentrations
over increasing rainfall amount.
Figure 2-2 shows the chemical reactions of mercury in droplets,
where both oxidation and reduction reactions concurrently occur
(Lindqvist et al., 1991; Pleijel and Munthe, 1995).
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Source: Lindqvist et al., 1991; Pleijel and Munthe, 1995

Figure 2-2. Mercury chemistry in droplets

Precipitation generally effectively scavenges particles during the
initial rainfall period, followed by smaller washout (Mason et al., 1997)
with relatively similar mercury concentrations with increasing rainfall
amounts. GOM is more readily scavenged than PBM (Bullock et al.,
1998; Seo et al., 2012).
A seasonal variation in mercury wet deposition flux is evident with a
maximum in summer and minimum in winter in several North America
(Burke et al., 1995; Mason et al., 2000; Glass and Sorensen, 1999;
Guentzel et al., 1995; Hoyer et al., 1995; Sorensen et al., 1994; Watras
et al., 2000). Mason et al. (2000) indicated 40–50% and 15–20% of
total mercury wet deposition fluxes were measured in summer and
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winter, respectively. Smaller fractions of winter flux were also found in
Minnesota and Wisconsin (< 5%; Mason et al., 2000), and Michigan
(7–15%; Hoyer et al., 1995). The combination of larger mercury
concentration and rainfall amount and faster photo-oxidation reaction
rates in higher temperature enhanced the largest mercury wet
deposition in summer, whereas smaller efficiency of particulate
scavenging by snow and slower atmospheric reactions in low
temperature, and less precipitation amount resulted in the smallest
winter flux (Mason et al., 2000).
Local emission sources could contribute significantly to the spatial
and temporal variation of the mercury wet deposition (Dvonch et al.,
1998; Glass and Sorensen, 1999; Hoyer et al., 1995; Sorensen et al.,
1994). The urban impacts with higher soot particle concentrations,
higher O3 levels, and higher emission rates on the mercury wet
deposition were observed in the San Francisco Bay area (Steding and
Flegal, 2002). On the other hand, the regional and global impacts on
mercury wet deposition were evident (Guentzel et al., 2001; Hoyer et
al., 1995; Steding and Flegal, 2002). The long-range transport of GOM
coupled with strong convective thunderstorm activity contributing
>50% of the mercury deposition has been observed in southern Florida
(Guentzel et al., 2001). The direct and indirect (forming reactive
halogen species) oxidation of GEM via O3 destruction led to an
increase of GOM concentration in rain contained in storms which
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transported mercury across the Pacific to coastal California (Steding
and Flegal, 2002). Overall, the factors influencing

mercury

concentration include precipitation (type, strength and duration),
emission source (type, strength and distance), oxidant concentration, incloud

processes

physical/chemical

(in-cloud
properties

temperature,
of

particles),

turbulence,
and

and

meteorological

conditions (Hoyer et al., 1995).
In the past two decades, coordinated monitoring networks and longterm monitoring sites have been established in a number of regions and
countries for the measurement of mercury in ambient air and wet
deposition. Europe and North America have multiple sites with high
quality continuous monitoring of mercury in air and wet deposition for
greater than 15 years. Notable areas with shorter, high quality
continuous mercury air monitoring sites can be found in East Asian
Countries and South Africa. Regions with few or no records of high
quality, continuous mercury monitoring sites include all of Southern
Asia, Africa, South America and Australia. International efforts are now
underway to establish long-term monitoring sites with expanded global
coverage. Table 2-2 shows a summary of the existing networks for
mercury wet deposition.
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Table 2-2. Summary of monitoring networks for mercury wet deposition
Location

Program

Region

Duration

Measurements

References

Website

Europe

EMEP

Continental

from 1987

Weekly to monthly
; bulk and wet-only collection

Wangberg et al. (2007)

www.emep.int/

NADP-MDN

National

from 1999

Weekly
; wet-only collection

UMAQL

Midwest
/ Northeast

from 1992

Daily-event
; wet-only collection

UMAQL

Florida

from 1992

Daily-event
; wet-only collection

Canada

CAMNet
/ CAPMoN

National

from 1996

Global

GMOS

Global

From 2011

USA

Weekly
; wet-only collection
Weekly
; wet-only and bulk collection
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Butler et al. (2008)
; Prestbo and Gay (2009)
; Risch et al. (2012)
Burke et al. (1995)
; Landis et al. (2002)
; Keeler and Dvonch (2005)
; Keeler et al. (2006)
; White et al.(2009)
; Gratz et al. (2009)
; Gratz and Keeler (2011)
Dvonch et al. (1998)
; Dvonch et al. (1999)
; Dvonch et al. (2012)
Prestbo and Gay (2009)
; Risch et al. (2012)
Sprovieri et al. (2012)

http://nadp.isws.illi
nois.edu/MDN/

www.ec.gc.ca/rs-mn/
www.gmos.eu/

2.3.1.

North America

Long-term measurements of mercury wet deposition in the U.S. and
Canada largely commenced in the mid-1990s following the Clean Air
Act Amendments of 1990, which mandated monitoring of several
hazardous air pollutants, including mercury. A number of monitoring
sites were established (Figure 2-3), several of which are still
operational today, producing nearly two decades of mercury wet
deposition records. In the Great Waters region, which includes the
Great Lakes, Chesapeake Bay, and Lake Champlain basins, monitoring
sites in Dexter, Michigan (MI) and Underhill, Vermont (VT) began in
1992 under the supervision of the University of Michigan Air Quality
Laboratory. Additional sites were added in Pellston and Eagle Harbor,
MI in 1993, creating the foundations for the Michigan Mercury
Monitoring Network that expanded over time to include other sites in
Michigan, Ohio, and Illinois (Keeler and Dvonch 2005).
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Figure 2-3. Locations of the UMAQL Great Lakes Atmospheric
Monitoring Sites (Keeler and Dvonch 2005, inset), NADP Mercury
Deposition Network Sites (MDN, green circles,
http://nadp.isws.illinois.edu/MDN/), NADP Air Mercury Network Sites
and AMNet ambient air mercury speciation sites (red stars,
http://nadp.isws.illinois.edu/amn/)

In the United States and Canada, mercury wet deposition has been
measured as part of the National Atmospheric Deposition Program
(NADP) - Mercury Deposition Network (MDN) at 169 sites (112
currently active). The MDN program has also worked closely with the
Canadian monitoring programs, including Canadian Atmospheric
Monitoring Network (CAMNet) and Canadian Air and Precipitation
Monitoring Network (CAPMoN), to develop consistent sample
collection and analysis procedures. All precipitation samples from both
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the MDN and CAPMoN programs are analyzed at a common
laboratory in the U.S. (Frontier Global Sciences) to ensure consistent
analytical results. In more recent years, new sites have also been
established in Mexico. As a result, the U.S. and Canadian monitoring
networks have generated a long-term record of mercury wet deposition
throughout North America over the past 20 years. Reported annual
mercury wet deposition ranges from 3 to 25 μg m-2 for the United
States with values for the western United States being at the lower end
(Prestbo and Gay, 2009).
Keeler and Dvonch (2005) reported ten years (1994-2003) of
atmospheric mercury observations in the Great Lakes region, where
daily-event precipitation samples were collected for mercury and trace
elements (Landis and Keeler 1997). Results from three sites in
Michigan (Eagle Harbor, Pellston, Dexter) demonstrated a strong
decreasing north-south gradient in the amount of mercury wet
deposition. An obvious trend in annual deposition over time was not
observed, suggesting that despite efforts to control mercury emissions,
emission sources in the southern Great Lakes region continually
impacted the levels of mercury wet deposition. Similar measurements
of event-based mercury wet deposition in the Chicago (Landis et al.,
2002; Landis and Keeler, 2002) and Detroit urban areas, as well as the
highly industrialized Ohio River Valley (Keeler et al., 2006; White et
al., 2009) have further demonstrated the significant contribution from
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local and regional anthropogenic sources to the observed levels of
mercury in wet deposition in the Great Lakes basin.
Prestbo and Gay (2009) recently summarized 10 years (1996-2005)
of weekly mercury wet deposition measurements from NADP-MDN
sites in the U.S. and Canada. Results indicated regional differences in
precipitation, concentration, and deposition over time. Total mercury
deposition was highest in the southeastern U.S., and in all regions
mercury wet deposition was greatest during the summer. Several sites
in the northeastern U.S. and along the east coast displayed decreasing
trends in concentration (1-2% per year). This trend was not observed in
the U.S. Midwest or in much of the southeast. Most Midwest sites
displayed no significant trend in concentration or deposition, while
several sites in the southeast displayed significant increases in wet
deposition. Four sites in the region between the Midwest and Northeast
U.S. displayed patterns of decreasing concentration, increasing
precipitation amount, and consequently no significant trend in
deposition. These varying trends could be attributed to regional
differences in meteorology and source emission impacts. Figure 2-4
shows the most recently available total mercury concentration and wet
deposition annual gradient maps from the MDN program for the year
2011.
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Figure 2-4. Total mercury concentration and wet deposition
annual gradient maps from the MDN program for the year 2011

Daily-event precipitation samples collected in Underhill, VT from
1995-2006 were analyzed for total mercury and trace element
concentrations (Gratz et al., 2009; Gratz and Keeler 2011).
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Measurements from this site comprise one of the longest running
mercury wet deposition datasets in the world. A statistically significant
trend in annual mercury wet deposition over time was not detected,
despite emissions reductions in the U.S. in the late 1990s with the
implementation of stack controls on municipal and medical waste
incinerators. In contrast, annual volume-weighted mean (VWM)
mercury concentration declined in conjunction with an increase in the
total annual precipitation amount. The declines in concentration
appeared to be related to local scale meteorological and climatological
variability rather than to a reduction in emissions of mercury to the
atmosphere (Gratz et al., 2009). Multivariate and hybrid receptor
modeling analyses further revealed that, of the nearly 80% of measured
deposition accounted for by the PMF multivariate statistical receptor
model, coal combustion consistently contributed to approximately 60%
of mercury wet deposition. Using back-trajectory cluster analysis and
hybrid receptor modeling techniques, the majority of mercury
deposition at Underhill was linked to transport from the U.S. Midwest
and east coast where the density of coal-fired utility boilers in the U.S.
is largest (Gratz et al., 2009; Gratz and Keeler 2011).
Risch et al. (2012) recently reported on mercury wet deposition at 37
sites in the North American Great Lakes region from 2002 to 2008. A
decreasing trend in mercury concentration was observed at 8 sites, and
increasing trends in concentration were observed at 6 sites. Much of the
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region saw an increase in annual precipitation depth during this period.
Over the course of the study, mercury wet deposition was largely
unchanged in the Great Lakes region and surrounding areas, and any
significant trends in deposition did not correspond with trends in
concentration. Overall, it was suggested that any observed declines in
concentration were offset by increases in precipitation depth, and as
such the total wet deposition amount remained largely unchanged.
These

studies

revealed

regional

differences

in

concentration,

precipitation, and deposition patterns in the U.S. and Canada, and over
time a large-scale decline in deposition has not been observed.
Continued long-term monitoring in this part of the world will
demonstrate whether new legislation, such as the recently issued
Mercury and Air Toxics Standards that regulate mercury emissions
from utility boilers and other sources, have a significant impact on the
amount of mercury deposited to the environment.

2.3.2.

Europe

The European Monitoring and Evaluation Program (EMEP) was one
of the first international environmental measurement networks
established in Europe. Over the past 40 years, a number of atmospheric
measurements, such as sulfur, nitrogen compounds, and ozone, have
been made across 11 countries in Europe. In more recent years, EMEP
has also expanded to include heavy metals, mercury, and some
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persistent organic pollutants (POPs). Heavy metals were officially
included in EMEP’s monitoring program beginning in 1999. A number
of countries have also been measuring and reporting on heavy metals
within the EMEP area in connection with different national and
international programmers such as the Arctic Monitoring and
Assessment Programme (AMAP), the Commission of the Convention
on the Protection of the Marine Environment of the Baltic Sea Area
(HELCOM), the Commission for the Protection of the Marine
Environment of the North-East Atlantic (OSPARCOM), the World
Meteorological Organization Global Atmosphere Watch (WMO/GAW),
and the United Nations Framework Convention on Climate Change.
EMEP continues to interact with and make use of research activities
performed by the scientific community, particularly through the
establishment of “supersites” within other concurrent monitoring
programs.
The EMEP monitoring stations, however, are not uniformly
distributed throughout Europe. Most sites are located in the northern,
western and central parts of Europe, while only a few sites measure
heavy metals in the southern and eastern parts of Europe. Mercury
measurement data from EMEP are largely available only from north
and north-west Europe. The locations of the mercury measurement sites
within the EMEP network as of 2009 are shown in Figure 2-5.
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Figure 2-5. Mercury measurement sites within the EMEP network as
of 2009

2.3.3.

Asia

Table 2-3 shows a summary of TM concentrations in precipitation
and wet deposition flux in Asia. TM concentrations obtained from
urban and remote areas of Asia were in the ranges of 7.8-30.7 ng L-1
and 4.0-36.0 ng L-1, respectively. TM wet deposition flux in urban and
remote areas of Asia were in the ranges of 13.1-20.2 μg m-2 and 5.826.1 μg m-2, respectively. Total mercury concentrations in precipitation
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and wet deposition flux in Asia are higher than those observed in urban
areas of North America (Guentzel et al., 2001; Keeler et al., 2006;
Landis and Keeler 1997). VWM TM concentrations in urban areas of
China were much higher than those in Japan and South Korea. This was
mostly attributed to the elevated PBM and GOM concentrations in
urban areas, which may be readily scavenged by precipitation.
TM concentrations in precipitation and wet deposition flux in remote
areas of Asia were comparable to those obtained from the U.S. and
Canadian NADP monitoring sites (Prestbo and Gay 2009). The VWM
TM concentrations and wet deposition flux in Wujiang were much
higher than other studies in remote areas of Asia (Guo et al., 2008),
however, this may be due to the collection of monthly-integrated bulk
precipitation samples in those studies, and given the generally elevated
levels of ambient PBM and GOM concentrations in China it is likely
that dry deposition of PBM and GOM substantially contributed to the
TM in bulk precipitation samples.
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Table 2-3. Summary of TM wet deposition in Asia
Site

Location

Sampling period

Precipitation
depth (mm)

VWM
conc.
(ng L-1)

Wet deposition
flux (µg m-2)

Representation

Reference

Wujiang River, Guizhou

China

Jan. 2006 ~ Dec. 2006

963

36.0

34.7

Rural

Guo et al. (2008) and reference cited therein

Mt.Leigong

China

May 2008 ~ May 2009

1533

4.0

6.1

Remote

Fu et al. (2010a)

Mt. Gongga

China

May 2006 ~ Apr. 2007

1818

14.3

26.1

Remote

Fu et al. (2010b)

Hokkaido

Japan

Dec. 2002 ~ Nov. 2003

882

8.0

7.1

Rural

Sakata and Marumoto (2005)

Aichi

Japan

Dec. 2002 ~ Nov. 2003

1679

7.8

13.1

Urban

Sakata and Marumoto (2005)

Hyogo

Japan

Dec. 2002 ~ Nov. 2003

1481

9.5

14.0

Urban

Sakata and Marumoto (2005)

Tokyo

Japan

Dec. 2002 ~ Nov. 2003

1912

8.7

16.7

Urban

Sakata and Marumoto (2005)

Seoul

Korea

Jan. 2006 ~ Dec. 2006

1645

10.1

16.8

Urban

This study

Seoul

Korea

Jan. 2007 ~ Dec. 2007

1235

16.3

20.2

Urban

This study

Seoul

Korea

Jan. 2008 ~ Dec. 2008

1291

16.1

18.5

Urban

This study

Seoul

Korea

Jan. 2009 ~ Dec. 2009

1822

10.2

16.4

Urban

This study
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2.4.

Sources of mercury

2.4.1. Natural sources
Mercury is emitted from both natural and anthropogenic sources
(Lindqvist et al., 1991; Nriagu and Pacyna, 1988; Nriagu, 1989; Pacyna
and Pacyna, 2002). Mercury is released or re-emitted into the
atmosphere by a number of natural sources, including outgassing from
mercuriferous and non-mercuriferous soils, evasion from water
surfaces, vegetation, wildfires, volcanoes and geothermal sources
(Lindqvist et al., 1991; Schroeder et al., 1992; Varekamp and Buseck,
1986). The natural sources emit mercury mostly as GEM (Pai et al.,
2000), while anthropogenic sources primarily release mercury in three
forms: GEM, GOM, and PBM. Re-emission involves gaseous evasion
of previously deposited mercury from anthropogenic and natural
sources (Lindberg and Turner, 1977). The re-emission of mercury,
however, is included as a different category from natural sources
because a significant portion of natural sources actually come from the
previous anthropogenic sources. In this process, anthropogenically
emitted mercury is deposited to the surface as Hg2+ and then reduced to
volatile Hg0 and re-emitted. As a result of reemission, current levels of
mercury emitted to the atmosphere by natural processes are elevated
relative to pre-industrial levels (U. S. EPA, 1997). The previous studies
of mercury emissions have been aimed primarily to assess the
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contributions from anthropogenic sources (Nriagu and Pacyna, 1988;
Pacyna et al., 2003, 2006; Pirrone et al., 1996, 1998), especially from
coal, oil and wood combustion as well as from solid waste incineration
and pyrometallurgical processes. However, mercury re-emissions must
also be investigated because natural sources including re-emission of
previously deposited anthropogenic emissions can be equal to
anthropogenic sources when integrated spatially (Fitzgerald, 1995;
Mason et al., 1994).
The previous study also suggested the importance of the air-water
exchange of mercury as well as biologically mediated volatilization in
both marine and terrestrial environments (U. S. EPA, 1997). These
sources represent a relatively constant flux to the atmosphere and may
comprise 30 to 50 percent of the total natural emissions, however,
volcanic, geothermal, and burning biomass burning are widely variable
temporally and spatially. In particular, volcanic eruptions can cause
massive perturbations in atmospheric trace metal cycles. Volcanic
activity alone may comprise 40 to 50 percent of the total natural
mercury emissions at times (Nriagu, 1989).
Consequently, the mercury cycle is more complicated than
previously thought and mercury emissions from natural sources are
more significant than formerly understood (Engle et al., 2001; Engle
and Gustin, 2002; Gustin et al., 1999; Gustin et al., 2000)
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2.4.2. Anthropogenic sources
Anthropogenic mercury emissions mean the mobilization or release
of geologically bound mercury by human activities, with mass transfer
of mercury to the atmosphere (U. S. EPA, 1997), or the intentional use
of mercury as a process or product ingredient, and incidental release of
mercury as a by-product of industrial activities, such as the combustion
of fossil fuels (UNEP, 2002). Anthropogenic mercury emissions can be
divided into area and point sources. Area sources include electric uses
such as fluorescent lamp, thermometers, thermostats, barometers,
landfills, mobile emissions, paint use and are typically small and
numerous and usually cannot be readily located geographically. On the
other hand, point sources are those anthropogenic sources that are
associated with a fixed geographic location. These point sources are
divided into combustion, manufacturing and miscellaneous source
categories (U.S. EPA, 1997).
Anthropogenic mercury emissions were estimated to contribute 50–
80% of total mercury emissions (Mason et al., 1994; Nriagu, 1990; U.S.
EPA, 1997). UNEP (2002) reported that fossil fuel (e.g. coal)
combustion and waste incineration account for approximately 70 % of
total anthropogenic mercury emissions.
Because of the increasing energy demands all around the world,
mercury emissions have been globally increasing. Slemr and Langer
(1992) reported an annual mercury emission rate increased 1.2 to 1.5%
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between 1977 and 1990. Other studies suggested that anthropogenic
mercury emissions have increased atmospheric mercury levels about
three to five fold since the last century (Fitzgerald, 1995; Mason et al.,
1994). In particular, Asia contributed about 30 % to the total mercury
emissions in 1990, compared to 56 % in 1995 (Pirrone et al., 2001).
However, anthropogenic mercury emissions have slightly decreased
during the last decade in North America and Europe due to reduction
efforts, such as the installation of air pollution control devices
(Mukherjee et al., 2000; Pirrone et al., 1996; U.S. EPA, 1997). A
decrease of mercury emissions has been observed in Central and
Eastern Europe from 1990 to 1995 due to a general decrease of
industrial activities and consumption of raw materials with high
mercury contents (UNEP, 2002). On the other hand, Boutron (1986)
found no clear trend for changes in mercury concentration over the last
800 years.
Pacyna and Pacyna (2002) reported that global atmospheric mercury
speciation were 53% as GEM, 37% as GOM, and 10% as PBM.
Similarly, Walcek et al. (2003) also suggested that global atmospheric
mercury speciation were 47% as GEM, 35% as GOM, and 18% as
PBM in eastern North America.
A recent study emphasized on the importance of long-range transport
of mercury from Northern Hemisphere including Europe, Asia, and
North America (Travnikov, 2005). It indicated that about half the
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mercury deposition to such a remote region as the Arctic is due to the
transport from anthropogenic emission sources contributed by Asia
(33%) and Europe (22%)., The local sources contribute to the
background concentration of mercury, however, the global background
concentration of mercury contributes significantly to the mercury
burden at most locations. Globally, Europe, Asia (particularly China
and Japan) and North America were the three major source areas
(Dastoor and Larocque, 2004).

2.5.

Health effects of mercury

Mercury (Hg) is a well-known environmental toxic pollutant and highly
bioaccumulative trace metals in the food chain (Meili, 1991) that has
systematic acute and chronic effects on body of various organ systems
including central nervous system, skin, motor system, digestive system,
cardiovascular system, immune system, reproductive system, skin and
oral tissues (Pizzichini et al., 2002; Quig, 1998; Thronhill and
Pemverton, 2003; Zahira et al., 2005). Mercury is highly toxic to
human health, especially posing a risk to the development of the child
in utero and early in life. It occurs naturally and exists in various forms:
elemental (or metallic); inorganic (e.g. mercuric chloride); and organic
(e.g., methyl- and ethylmercury). The organic form is most toxic as it
passes the blood brain barrier owing to its lipid solubility (Zahir et al.,
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2005). These forms all have different toxicities and implications for
health and for measures to prevent exposure (IPCS, 2000). All mercury
compounds usually accumulate in muscles, liver and kidney of fishes,
birds, whales and polar bears (Dietz et al., 1996; Kenow et al., 2007).
In general population, fish consumption is the primary pathway of
mercury exposure (ATSDR, 1999; National Research Council, 2000).
People are mainly exposed to methylmercury, an organic compound,
when they eat fish and shellfish that contain methylmercury. About
95% methlymercury ingested in fish was absorbed into the bloodstream
(WHO, 1990) and it is distributed throughout the body by the blood
stream and accumulates in fat or organs (Chien et al., 2010).
Whether an exposure to the various forms of mercury will harm a
person’s health depends on a number of factors. Almost all people have
at least trace amounts of methylmercury in their tissues, reflecting
methylmercury’s widespread presence in the environment and people’s
exposure through the consumption of fish and shellfish. People may be
exposed to mercury in any of its forms under different circumstances.
The factors that determine how severe the health effects are from
mercury exposure include these;
 the chemical form of mercury, the dose, the age of the person;
 the dose;
 the age of the person exposed (the fetus is the most susceptible);
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 the duration of exposure;
 the route of exposure such as inhalation, ingestion, dermal
contact; and
 the health of the person exposed

Mercury exists in three chemical forms such as methylmercury,
elemental mercury, and other mercury compounds (inorganic and
organic). They each have following specific effects on human health.

2.5.1. Methylmercury effects
When mercury combines with carbon, the compounds formed are
called "organic" mercury compounds or organomercurials. There is a
potentially large number of organic mercury compounds; however, by
far the most common organic mercury compound in the environment is
methylmercury (also known as monomethylmercury). In the past, an
organic mercury compound called phenylmercury was used in some
commercial products. Another organic mercury compound called
dimethylmercury is also used in small amounts as a reference standard
for some chemical tests. Dimethylmercury is the only organic mercury
compound that has been identified at hazardous waste sites. It was only
found in extremely small amounts at two hazardous waste sites
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nationwide, but it is very harmful to people and animals. Like the
inorganic

mercury

compounds,

both

methylmercury

and

phenylmercury exist as "salts" (for example, methylmercuric chloride
or phenylmercuric acetate). When pure, most forms of methylmercury
and phenylmercury are white crystalline solids. Dimethylmercury,
however, is a colorless liquid.
Methylmercury is produced primarily by microorganisms (bacteria
and fungi) in the environment, rather than by human activity. Until the
1970s, methylmercury and ethylmercury compounds were used to
protect seed grains from fungal infections. Once the adverse health
effects of methylmercury were known, the use of methymercury- and
ethylmercury as fungicides was banned.
For fetuses, infants, and children, the primary health effect of
methylmercury is impaired neurological development. Methylmercury
exposure in the womb, which can result from a mother's consumption
of fish and shellfish that contain methylmercury, can adversely affect a
baby's growing brain and nervous system. Impacts on cognitive
thinking, memory, attention, language, and fine motor and visual
spatial skills have been seen in children exposed to methylmercury in
the womb. A previous study reports that most people have blood
mercury levels below a level associated with possible health effects
(Jones et al., 2004).
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Outbreaks of methylmercury poisonings have made it clear that
adults, children, and developing fetuses are at risk from ingestion
exposure to methylmercury. During these poisoning outbreaks some
mothers with no symptoms of nervous system damage gave birth to
infants with severe disabilities, it became clear that the developing
nervous system of the fetus may be more vulnerable to methylmercury
than is the adult nervous system. In addition to the subtle impairments
noted above, symptoms of methylmercury poisoning may include,
impairment of the peripheral vision, disturbances in sensations ("pins
and needles" feelings, usually in the hands, feet, and around the mouth),
lack of coordination of movements, impairment of speech, hearing,
walking, and muscle weakness.
No human data indicate that exposure to any form of mercury causes
cancer, but the human data currently available are very limited.
Mercuric chloride has caused increases in several types of tumors in
rats and mice, and methylmercury has caused kidney tumors in male
mice. When EPA revised its ‘Cancer Guidelines’ in 2005, the EPA
concluded that neither inorganic mercury nor methylmercury from
environmental exposures are likely to cause cancer in humans.
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2.5.2. Elemental mercury effects
Elemental (metallic) mercury primarily causes health effects when it
is breathed as a vapor where it can be absorbed through the lungs.
These exposures can occur when elemental mercury is spilled or
products that contain elemental mercury break and expose mercury to
the air, particularly in warm or poorly-ventilated indoor spaces.
The symptoms include tremors, emotional changes (e.g., mood
swings, irritability, nervousness and excessive shyness), insomnia,
neuromuscular changes (such as weakness, muscle atrophy, twitching),
headaches, disturbances in sensations, changes in nerve responses,
performance deficits on tests of cognitive function. At higher exposures
there may be kidney effects, respiratory failure and death.

2.5.3. Effects of other mercury compounds
Inorganic mercury compounds occur when mercury combines with
elements such as chlorine, sulfur, or oxygen. These mercury
compounds are also called mercury salts. Most inorganic mercury
compounds are white powders or crystals, except for mercuric sulfide
(also known as cinnabar) which is red and turns black after exposure to
light. High exposures to inorganic mercury may result in damage to the
gastrointestinal tract, the nervous system, and the kidneys. Both
inorganic and organic mercury compounds are absorbed through the
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gastrointestinal tract and affect other systems via this route. However,
organic mercury compounds are more readily absorbed via ingestion
than inorganic mercury compounds. Symptoms of high exposures to
inorganic mercury include, skin rashes and dermatitis, mood swings,
memory loss, mental disturbances, and muscle weakness.

2.6.

Model description

2.6.1. Trajectories
Trajectories are defined as the paths of small particles of air at a
certain point in space at a given time and can be traced forward or
backward in time (Stohl et al., 2002). The HYSPLIT (HYbrid SingleParticle Lagrangian Integrated Trajectory) model is a complete system
for computing simple air parcel trajectories to complex dispersion and
deposition simulations (Draxler and Hess, 2005). Therefore, they are
often used to explain the chemical measurement data at sampling sites
in order to identify the source-receptor relationships (Stohl, 1998).
There are two approaches to compute the time history of air pollutant
concentrations. Eulerian models, which solve the advection-diffusion
equation on a fixed grid, and Lagrangian models, in which the
advection and diffusion components are calculated independently
(Draxler et al., 1998). While the Eulerian method is the common way
of treating heat and mass transfer phenomena, the Lagrangian approach
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is used to interpret the concentration or position changes relative to the
moving fluid (Seinfeld et al., 1998). The HYSPLIT model developed
by National Oceanic and Atmospheric Administration (NOAA) that
was used in this study is a hybrid between Eulerian and Lagrangian
approaches, which advection and diffusion calculations are made in a
Lagrangian framework while concentrations are calculated on a fixed
grid.
The initial version of HYSPLIT used only rawinsonde observations
for meteorological data (Draxler et al., 1982), but in the most recent
version, HYSPLIT 4, the rawinsonde data was replaced by gridded
meteorological data from either analyses or short-term forecasts from
routine numerical weather prediction models (Draxler et al., 1998). The
meteorological data fields are linearly interpolated to a terrainfollowing (σ) coordinate system.

σ = 1 – z/Ztop

(2-9)

where z is the height expressed relative to the terrain, and Ztop is the
top of HYSPLIT’s coordinate system.
At a minimum HYSPLIT requires U, V (the horizontal wind
components), T (temperature), Z (height) or P (pressure), and the
pressure at the surface, P0. Also, in most circumstances, the vertical
velocity field (W) is relative to the meteorological model’s native
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terrain-following coordinate system. Once the basic (U, V, W)
meteorological data are processed and interpolated to the internal
model grid, trajectories can be computed by advection components.
The advection of a particle is computed from the average of the threedimensional velocity vectors for the initial-position P(t) and the firstguess position P’(t+Δt). The velocity vectors are linearly interpolated in
both space and time. The first guess position is

P’(t+ Δt) = P(t) + V(P,t) Δt

(2-10)

, and the final position is

P(t+ Δt) = P(t) + 0.5 [V(P,t) + V(P’, t+ Δt)] Δt

(2-11)

where, V, here, represents the average of the three-dimensional
velocity vectors. Trajectories are terminated if they reach the model top,
but advection continues along the surface if trajectories intersect the
ground (Draxler et al., 1998). Trajectories may be integrated both
forward and backward in time. A measure of the integration may be
obtained by computing a backward trajectory from the end-pointposition of its forward counterpart.
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2.6.2. Potential Source Contribution Function (PSCF)
PSCF, a trajectory-based model is a simple method that links
residence time in upwind areas with high concentrations through a
conditional probability field and originally developed by Ashbaugh et
al. (1985). PSCF was extensively and successfully used in the past
(Cheng et al., 1993; Lim et al., 2001; Poissant, 1999; Zeng and Hopke,
1989). The PSCF model counts each trajectory segment endpoint
within a given grid cell. For an event at the receptor site, the probability
is related to the number of endpoints in that cell associated with the
total number of endpoints for all sampling dates. If N is the total
number of trajectory segment endpoints over the study period, and if n
is the number of trajectory segment endpoints fall into the ij-th cell, the
probability of this events, Aij, is calculated by

P[Aij] = nij / N

(2-12)

If the mij is the number of segment endpoints in the same grid cell
(ij-th cell) when the concentrations are higher than a criterion value,
the probability of this high concentration event, Bij, is given by
P[Bij],

P[Bij] = mij / N
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(2-13)

The probability of high concentration event divided by the
probability of total event in a fixed grid cell defines the PSCF value
as
(2-14)

High PSCF values in that grid those grid cells are regarded as
possible source locations. Cells including emission sources could be
identified with conditional probabilities close to one if trajectories
that have crossed the cells efficiently transport the released pollutant
to the receptor site. Therefore, the PSCF model provides a tool to
map the source potentials of geographical areas.

2.6.3. Lagrangian Particle Dispersion Model (LPDM)
Trajectories are typically calculated for samples collected over long
time periods. However individual trajectories cannot represent the
whole measurement time and do not consider the turbulent mixing and
convection in the atmosphere. Specifically PSCF does not consider the
reduction of the concentration of the species through diffusion,
chemical transformation, and atmospheric scavenging during the
transport between the source areas and the receptor (Cheng et al., 1993).
It is insufficient to identify the source-receptor relationship using PSCF
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based on backward trajectories and to represent the transport history of
a sampling volume even if it is small (Stohl et al., 2002). For this
reason, more elaborate models are needed, both of the planetary
boundary layer (PBL), where an air mass quickly loses its identity due
to strong mixing (Lyons et al., 1995), and at higher levels of the
atmosphere when longer time scales are considered (Sutton, 1994). The
LPDM contains no artificial numerical diffusion like Eulerian models
(Nguyen et al., 1997) and hence has a greater potential to resolve finescale structures of the flow. The LPDM is based on the conditioned
particle concepts (Smith, 1968) in which released particles with any
specified release rate into the model domain are then advected by
velocity components resolved by the model and subgrid-scale turbulent
components. Therefore LPDM is physically and theoretically more
correct than trajectory model. However trajectory model is still used
because of convenience, availability of models and computational
constraints (Stohl et al., 2002).
The source-receptor relationship can be linear or nonlinear. In this
study, a linear source-receptor relationship was calculated using the
HYSPLIT 4 dispersion model (LPDM) because standard LPDM cannot
simulate nonlinear chemical reactions (Seibert and Frank, 2004). Thus,
linear source-receptor relationships can be calculated simply with
following equation.

- 57 -

y=Mx

where,

y

indicates

the

(2-15)

discrete

observation

(e.g.

measured

concentration) at receptor sites and x is the source emission term,
which varied with locations and time. M is the source-receptor
relationship including transport processes. In conventional PSCF, the
number of end points in the ij-th cell which is expressed as a residence
time (hr), is simply considered to be the source-receptor relationship of
the ij-th cell (Han et al., 2005).
The output value of the dispersion model such as HYSPLIT 4 is
regarded as source-receptor matrix. The HYSPLIT model gives gridded
concentration fields (mass m-3) as output. To obtain the residence time
of each grid (e.g. transmission corrected residence time), a
transformation is necessary (Seibert, 2004; Seibert and Frank, 2004;
Han et al., 2005).

t=

∆TsVs

µ tot

c

(2-16)

where ΔTs is the time during which the source is acting, Vs is the
volume of grid and is the concentration in a grid cell as produced by
HYSPLIT.
Once the transmission-corrected residence time is calculated, the
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potential source contribution function (PSCF) can be applied. LPDM is
more accurate in the prediction of the behavior of an air parcel, since
the dispersion model can estimate precise standard deviations of
atmospheric turbulence from calculated stability which changes at
every grid and every time step through a meteorological model and dry
and wet deposition using a meteorological model and measured or
estimated precipitation rate (Draxler and Hess, 2005; Han et al., 2005).
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Chapter 3
Characteristics of total mercury (TM) wet
deposition: Scavenging of atmospheric mercury
species 1
Abstract
Total mercury (TM) in precipitation samples were collected with a
modified MIC-B sampler on the roof of Graduate School of Public
Health building in Seoul, Korea from January 2006 to December 2007
to determine the seasonal variations in TM wet deposition and to
identify the contribution of gaseous oxidized mercury (GOM) and
particulate bound mercury (PBM) scavenging to mercury wet
deposition. The volume weighted mean (VWM) TM concentrations in
2006 and 2007 were 10.1 ± 17.0 ng L-1 and 16.3 ± 16.5 ng L-1,
respectively and the TM wet deposition flux in 2006 and 2007 were
16.8 µg m-2 and 20.2 µg m-2, respectively. Seasonal VWM TM
concentrations in 2006 were highest in fall followed by winter, spring,
and summer. In 2007, VWM TM concentrations were greatest in winter,
followed by spring, summer, and fall. Nonparametric Mann-Whitney
test revealed that there was no statistical difference between fall and

1

This chapter was published in Atmospheric Environment (2012), vol. 49, p69-76.
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summer in 2006 (p=0.10), however, there was a statistical difference
between winter and fall in 2007 (p<0.01). The high VWM TM
concentration in spring was probably due to the yellow sand events
suggesting that GOM and PBM present in the rain were long-range
transported from China during this period. The large wet deposition
fluxes observed in summers were possibly due to the intense rainfall.
Overall there was a significant positive correlation between rainfall
depth and wet deposition flux (r2 = 0.22) (p<0.01) and a significant
negative correlation between rainfall depth and TM concentration in
precipitation (r2 = 0.20) (p<0.01) due to dilution effects. In addition, a
weak positive correlation between TM concentration and wet
deposition flux was shown (r2 = 0.10) (p<0.05). Multiple linear
regression showed that scavenging coefficient (SC) for GOM was
much higher than SC for PBM suggesting that GOM was more
effectively scavenged by wet deposition than PBM (SCGOM = 750 and
SCPBM = 380).
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3.1. Introduction
Mercury (Hg), a well-known environmental toxic pollutant, is among
the most highly bioaccumulative trace metals in the food chain (Meili,
1991) and is now classified as a persistent bioaccumulative and toxic
(PBT) chemical by the United States Environmental Protection Agency
(U.S. EPA, 1997). Mercury continuously goes through the emission
and deposition cycle after its release, and therefore the atmosphere
plays an important role in the environmental cycling of mercury.
Mercury can be distributed long distances from sources through
atmospheric transport in its gaseous elemental form (Bullock et al.,
1998; Mason et al., 1994; Mason and Sheu, 2002; Petersen et al., 1995)
so the relationship between source and environmental effects is
complex.
Mercury is emitted from natural sources such as volcanoes,
geothermal sources and topsoil enriched in mercury but also from
anthropogenic sources such as fossil fuel combustion, ferrous and nonferrous metals manufacturing facilities, ore processing facilities,
incinerators and chemical production facilities (Pirrone et al., 2010).
Deposition of natural and anthropogenic mercury is its main pathway to
most aquatic systems, either as direct deposition to the water surface or
as indirect deposition in runoff from the watershed (Mason et al., 1994;
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Miller et al., 2005; Pirrone et al., 2001; Pirrone et al., 2010; Risch et al.,
2011). Mercury has various physical and chemical forms including
different oxidation states making its behavior complex. Mercury is
capable of existing in three oxidation states, namely, 0, +1, and +2.
Elemental mercury (oxidation state 0) is the predominant species in
ambient air (> 95%) and its residence time is 0.5 ~ 2 years due to its
inertness and low solubility (Schroeder and Munthe, 1998) which does
not allow it to be efficiently incorporated into wet deposition. On the
other hand, gaseous oxidized mercury (GOM) (oxidation state +2) is
very water soluble, with relatively strong surface adhesion properties
(Han et al., 2005) and can be scavenged by rain within precipitating
clouds and below clouds (Lin and Pehkonen, 1999). Particulate bound
mercury (PBM) can be wet deposited relatively efficiently if its host
particles are in or below precipitating clouds (Cohen et al., 2004). As a
result, the predominant species of mercury in wet deposition is in the
oxidized or particulate forms.
There is a significant portion of Hg in wet deposition which
originates from the global transport of elemental mercury through its
chemical conversion to the divalent form, aerosol scavenging and
subsequent incorporation into precipitation (Dastoor and Larocque,
2004). Therefore, estimating the importance of precipitation scavenging
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of GOM and PBM is important to improve our understanding of the
causes of regional and seasonal variations in mercury wet deposition.
Many studies have attempted to characterize mercury wet deposition
(Glass and Sorensen, 1999; Guo et al., 2008; Keeler et al., 2006; Lai et
al., 2007; Mason et al., 2000; Prestbo and Gay, 2009; Risch et al.,
2011; Sakata and Marumoto, 2005; Selin and Jacob, 2008). The TM
wet deposition flux is currently monitored at 109 active Mercury
Deposition Network (MDN) sites in the United States and Canada. The
TM wet deposition flux at MDN sites in 2006 and 2007 ranged from
1.2 to 21.8 µg m-2 yr-1 (National Atmospheric Deposition Program,
2006; National Atmospheric Deposition Program, 2007). Even though
mercury wet deposition research is very important, there are only
limited studies outside the US and Europe.
The objectives of this study were to characterize the seasonal
variations in atmospheric TM wet deposition in Seoul, Korea and to
identify the contribution of gaseous oxidized mercury (GOM) and
particulate bound mercury (PBM) to TM wet deposition in Korea using
scavenging ratios.

- 80 -

3.2. Materials and methods
3.2.1. Sampling program

Between January 2006 and December 2007 event-based precipitation
samples were collected on the roof (~ 17 m above ground) of the
Graduate School of Public Health in Seoul, Korea (latitude : 37.514,
longitude : 127.001) (Figure 3-1).

Figure 3-1. Location of sampling site in this study (Seoul, Korea)

Seoul is a diverse urban metropolis, and has a high population
density as well as a massive traffic volume. The sampling site is
surrounded by residential and commercial buildings and surface roads.
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There are four waste incineration facilities located approximately 13
km northeast, 14 km southwest, 15 km southwest and 18 km southeast
of the sampling site.
Wet-only precipitation samples were collected using a modified
MIC-B (MIC, Thornhill, Ontario) automatic precipitation collector
composed of four discrete precipitation sampling systems that allows
for two mercury sampling trains and two trace elements as was used
and validated in a previous study (Landis and Keeler, 1997). Briefly,
the mercury sampling train consists of a borosilicate glass funnel, a
Teflon adapter, a glass vapor lock and a Teflon bottle that were acidcleaned prior to field use as is described below. Sampling trains were
manually deployed only when precipitation was forecast and were
retrieved after precipitation stopped. All field sampling and analytical
supplies which came into contact with the samples were cleaned in an
11-day acid cleaning procedure outlined in the U.S. EPA Lake
Michigan Mass Balance Methods Compendium (LMMBMC) (U.S.
EPA, 1994b). Each precipitation sample volume was determined
gravimetrically and the precipitation depth was calculated by dividing
the precipitation volume by the funnel area.
In

addition,

samples

for

atmospheric

speciated

mercury

concentrations (GOM and PBM) were collected on the same site as was
samples for wet-only precipitation to identify the relationship between
atmospheric GOM or PBM and TM concentration in precipitation (n=
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72 for GOM, n=69 for PBM in 2006, and n=144 for GOM, n=130 for
PBM in 2007). GOM and PBM concentrations were measured
manually from January 2006 to December 2007, simultaneously during
the daytime (10:00-16:00) and the nighttime (18:00-24:00) (except
some data; samples were measured from midnight to midnight for 24 h).
The manual sampling method for GOM and PBM followed the
procedures outlined in previous studies (Landis et al., 2002a; Han et al.,
2004b; Kim et al., 2009). In summary GOM and PBM (dp < 2.5 µm)
were collected using a KCl-coated annular denuder and quartz filter,
respectively, at a flow rate 10 L min-1. The sampling system included a
coupler, elutriator, impactor, filter holder (URG Inc.), dry gas meter,
pump, and a sampling box maintained at 50 ℃ to prevent hydrolysis
of KCl. The quartz annular denuders were cleaned, coated and
conditioned prior to GOM sampling. Once the denuder was coated and
dried, it was thermally conditioned to ensure that the KCl coating was
preserved in place and that any residual mercury was eliminated
(Landis et al., 2002a). The quartz filters were used to collect PBM less
than 2.5 µm in size and were baked in a tube furnace at 900 ℃ for one
hour before use.
Meteorological data (temperature and wind speed) were obtained
from the Korea Meteorological Administration (KMA) located
approximately 1 km from the site to identify the type of precipitation
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and extreme meteorological occurrences such as yellow sand events or
typhoons that might influence the measured wet deposition.

3.2.2. Analytical Methods
TM in precipitation was measured using a Tekran Series 2600
equipped with cold vapor atomic fluorescence spectrometry (CVAFS)
(Tekran Inc., Toronto, Canada) followed the procedures outlined in the
U.S. EPA Method 1631 version E (U.S. EPA, 2002) and the U.S. EPA
LMMBMC (U.S. EPA, 1994a). Before being analyzed, the samples
were oxidized with BrCl to a 1% solution (v/v) and were stored in a
refrigerator (4℃) for at least 12 hours. Mercury was then purged from
solution in Hg-free argon streams after reduction of BrCl with
NH2OH·HCl and reduction of divalent Hg by SnCl2 to Hg0 and
concentrated onto a gold-coated bead trap (Fitzgerald and Gill, 1979;
Landis and Keeler, 1997). Stock mercury standard solutions (SRM
3133, mercury standard solution) were purchased from the National
Institute of Standards and Technology (NIST). The analytical method
for GOM and PBM followed the procedures outlined in previous
studies (Landis et al., 2002a; Han et al., 2004b; Kim et al., 2009).
Briefly, denuders and quartz filters were thermally desorbed for about
30 min using a tube furnace (Lindberg 55035C) at 525 ℃ and 900 ℃
to convert GOM or PBM to Hg0 in a carrier gas of zero air, respectively.
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The heated air was transported into a CVAFS analyzer (Tekran Model
2537A) for quantification (Kim et al., 2009).

3.2.3. Quality Assurance and Quality Control (QA/QC)
Quality assurance and quality control procedures for TM in
precipitation were based on modified U.S. EPA Method 1631 version E
(U.S. EPA., 2002) and LMMBMC (U.S. EPA, 1994a). The standard
curve was used when the coefficient of determination (r2) was greater
than 0.995 (linear) over a mercury concentration range from 0.5 to 100
ng L-1. Initial (IPR) and ongoing precision and recovery (OPR) solution
(5 ppt) analyzed prior to the analysis of any samples and subsequently
every 20 samples ranged between 93% and 106%, and 90% and 117%,
respectively. These values were within the quality control acceptance
criteria for performance in the EPA Method 1631 E (IPR: 79–121% and
OPR: 77–123%).
To quantify method precision, duplicate samples are collected from
the sampling site during the study and the relative percent difference
(RPD) between the duplicate samples (n=94) was 9.6 ± 7.3 %. In
addition standard reference materials (SRMs) (DORM2, National
Research Council of Canada and SRM 1641d, NIST) were analyzed to
demonstrate the accuracy and precision and to monitor for matrix
interferences. SRMs were diluted to the required concentration before
being measured following the same procedures as was used for field
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samples. Recovery measured in the beginning of the experiments
ranged between 90 and 110 % (100.2 ± 4.6 % in average). The method
detection limit (MDL) was calculated as three times the standard
deviation of seven sequential reagent blanks. MDLs for the total
mercury was 0.06 ng L-1. Field blanks (n=24) were collected by
deploying the sampling assembly inside the MIC-B to demonstrate that
samples were not contaminated by the sample collection and transport
activities during non-precipitation conditions. The average field blank
concentration in precipitation was 0.06 ± 0.04 ng L-1. All samples were
corrected by the associated monthly field blank. The actual sample
concentrations ranged from 1.4 to 74.4 ng L-1.
In addition, overall precision of GOM and PBM were calculated
using a RPD between duplicate samples. Included in RPD analysis
were 12 of 216 samples for GOM and 13 of 199 samples for PBM.
RPDs were 11.9 ± 10.7 % for GOM (n=12, r2=0.96) and 8.1 ± 5.8 %
for PBM (n=13, r2=0.98). Lab blank values < 2pg were required before
the denuders were used for sampling. A field blank was taken for every
twenty samples, and the average value for GOM and PBM were 1.1 ±
0.6 pg (n=14) and 0.9 ± 0.6 pg (n=14), respectively. The method
detection limits (MDLs) for GOM and PBM calculated using the
average field blank multiplied by three times the standard deviation of
field blanks were 1.9 and 1.8 pg m-3, respectively.
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3.3. Results and discussion
3.3.1. Monthly and Seasonal variations of TM Wet deposition
For 2006 (n = 44), the rainfall depth, volume weighted mean (VWM)
TM concentration and wet deposition flux were 1645 mm (37.4 ± 57.8
mm) and 10.1 ± 17.0 ng L-1, and 16.8 µg m-2, respectively. The VWM
TM concentration in precipitation was highest in fall (28.0 ± 20.1 ng L1

) and lowest in summer (6.8 ± 9.6 ng L-1) while the wet deposition flux

was highest in summer (8.3 µg m-2) and lowest in winter (1.4 µg m-2)
(Figure 3-2a). For 2007 (n = 52), the rainfall depth, VWM TM
concentration, and wet deposition flux were 1235 mm (23.8 ± 21.3
mm), 16.3 ± 16.5 ng L -1, and 20.2 µg m-2, respectively. The VWM TM
concentration in precipitation was highest in winter (38.5 ± 17.2 ng L-1)
and lowest in fall (8.6 ± 9.9 ng L-1) while the wet deposition flux was
highest in summer (9.7 µg m-2) and lowest in winter (1.2 µg m-2)
(Figure 3-2b).
The high VWM TM concentrations in spring were probably related
to the yellow sand events between 2006 and 2007. Yellow sand events
occurred immediately prior to wet deposition events in 2006 (16 March,
29 March, 7 April and 18 April) and in 2007 (7 March, 28 March, 2
April and 9 May). During those periods GOM and PBM concentrations
were elevated (50.8 pg m-3 for GOM and 27.2 pg m-3 for PBM on 15
March in 2006; 6.9 pg m-3 for GOM and 12.3 pg m-3 for PBM on 28
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March; 12.0 pg m-3 for GOM and 14.0 pg m-3 for PBM on 2 April; and
14.8 pg m-3 for GOM and 67.0 pg m-3 for PBM on 8 May in 2007)
resulting in high VWM TM concentrations (55.3 ng L-1 on 16 March,
36.1 ng L-1 on 29 March, 32.8 ng L-1 on 18 April in 2006 and 59.1 ng L1

on 7 March, 34.2 ng L-1 on 28 March, 23.0 ng L-1 on 9 May in 2007).
(a)

(b)

Figure 3-2. Seasonal variation of VWM TM concentration, wet
deposition flux, and rainfall depth in 2006 (a) and 2007 (b)
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In spring 2006, the VWM TM concentration during yellow sand
events (39.1 ± 19.5 ng L-1) (n=4) were much higher than during nonyellow sand events (10.4 ± 22.4 ng L-1) (n=8). Similarly in spring 2007,
the VWM TM concentration during yellow sand events (33.2 ± 22.0 ng
L-1) (n=4) was much higher than that during non-yellow sand events
(23.4 ± 15.9 ng L-1) (n=13). A nonparametric Mann-Whitney test
(SPSS) was used to identify statistical difference in concentrations
between yellow sand and non-yellow sand events between 2006 and
2007. There was statistically a significant difference between two
groups between 2006 and 2007 (p<0.05). Previous studies reported that
the concentrations of trace elements were higher during yellow sand
events than during non-yellow sand events, indicating that the trace
elements were being transported from China during yellow sand events
(Han et al., 2004a; Yi et al., 2001). It should be noted that the rainfall
depth in March and April 2006 (40 mm) was low. As will be discussed
later there was a significant negative correlation between rainfall depth
and TM concentration in precipitation (r2=0.20) (p<0.01) in this study
which could also be a factor in the high concentrations seen in spring
2006. In 2007, the VWM TM concentration was highest in winter,
especially January (57.5 ± 9.7 ng L-1), when the TM concentration
observed on 1 January (44.6 ng L-1) was high probably due to the low
rainfall depth (1.0 mm). The TM concentration measured on 6 January
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during a mixed rain and snow event was also very high (58.3 ng L-1).
This is because the atmospheric PBM concentration measured on 5
January in 2007 was higher (13.1 pg m-3) than the average PBM
concentration in January 2007 (9.1 ± 4.1 pg m-3). On the other hand, the
atmospheric GOM concentration measured on 5 January in 2007 was
not higher (5.2 pg m-3) than the average GOM concentration in January
2007 (7.4 ± 4.9 pg m-3). This result suggests that atmospheric PBM was
also effectively scavenged by snow as well as rain. Previous studies
reported that TM concentrations in snow are generally smaller than
those in rain owing to lower scavenging efficiencies and slower
atmospheric reactions at low temperatures (Landis et al., 2002b; Mason
et al., 2000). Other studies, however, reported that TM concentrations
in precipitation were enhanced in winter due to the increased
combustion

of

fossil

fuels

(Brosset;

1987;

Iverfeldt,

1991).

Unfortunately, none of these studies have investigated the importance
of mercury species such as GOM or PBM concentrations in
precipitation. Therefore, it is important to determine how efficiently
atmospheric GOM and PBM is scavenged by different precipitation
types (rain or snow). Murakami et al. (1983) proposed that particles
(not Hg particles specifically) were more efficiently scavenged by snow
than by rain, and Miller and Wang (1991) also indicated that the crystal
shape of snow was proven to provide the effective filtering effect for
particles because of their porosity. These results suggest that PBM may
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be effectively scavenged by snow. Gases such as GOM enter cloud
droplets or ice crystals (in-cloud process) or dissolve into falling
raindrops (below-cloud process). In cold cloud processes (snow; e.g.
accretion, vapor deposition) GOM might not be incorporated into
precipitation formed as efficiently as in warm cloud processes (rain; e.g.
water vapor diffusion, collision-coalescence) (Landis et al., 2002b).
Therefore, the relative significance of snow scavenging to rain
scavenging is probably different for GOM and PBM, and the
scavenging by snow is likely to be more significant than by rain at least
for PBM. A recent research (Ahn et al., 2011) also showed that the high
scavenging efficiency of snow for PBM resulted in a large wet
deposition flux during snow events.
The single largest wet deposition event (wet deposition flux: 2.4 µg
m-2, TM concentration: 7.7 ng L-1, rainfall depth: 305 mm) was
observed on 27 July, 2006. This exceptional event was associated with
a tropical depression, typhoon Kaemi, which formed on 18 July, 2006
near the Caroline Islands impacting Korea with heavy rains and high
winds. Large wet deposition events were also observed on 5 November,
2006 (wet deposition flux: 2.1 µg m-2, TM concentration: 56.9 ng L-1,
rainfall depth: 37 mm) and on 14 August, 2007 (wet deposition flux:
2.1 µg m-2, TM concentration: 52.5 ng L-1, rainfall depth: 39 mm)
probably due to the combined effects of a large rainfall depth and high
TM concentrations. High TM wet deposition flux in summer 2006 and
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2007 (50% and 48%, respectively, of total TM wet deposition flux) was
primarily due to the high precipitation rate in summer (77% and 40%,
respectively, of total rainfall depth).
Table 3-1 shows the atmospheric speciated mercury concentrations
(GOM and PBM) measured between 2006 and 2007. The average PBM
concentration was higher than that of GOM during two years. GOM
concentrations were high in spring (21.7 ± 24.0 pg m-3) and winter
(20.3 ± 22.7 pg m-3) in 2006, and were high in spring (14.8 ± 13.0 pg
m-3) and winter (10.2 ± 6.0 pg m-3) in 2007. Similarly, PBM
concentrations were high in spring (18.1 ± 10.9 pg m-3) and winter
(24.0 ± 15.1 pg m-3) in 2006. However, the highest PBM concentration
was observed in summer 2006. The high PBM concentration in summer
2006 was primarily due to very high concentration events measured
from 4 June 2006 to 5 June 2006 (137.6 pg m-3), from 8 June 2006 to 9
June 2006 (257.4 pg m-3), and 16 June 2006 to 17 June 2006 (225.1 pg
m-3). If these samples were excluded, PBM concentration in summer
2006 decreased to 15.3 ± 17.2 pg m-3. The monthly GOM and PBM
concentration in winter between 2006 and 2007 was significantly
correlated (r2=0.58, p<0.01) suggesting that the high VWM TM
concentration in winter was due to the high atmospheric mercury
concentrations.
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Table 3-1. Summary of atmospheric speciated mercury concentrations
Year
GOM
(pg m-3)

Total

Spring

Summer

Fall

Winter

N

72

14

28

5

25

Mean

14.0 ± 18.6

21.7 ± 24.0

6.1 ± 4.8

4.8 ± 2.9

20.3 ± 22.7

Range

1.2 - 94.8

3.5 - 94.8

1.2 - 21.9

1.7 - 8.6

1.8 - 80.3

N

69

13

28

4

24

Mean

26.3 ± 42.6

18.1 ± 10.9

35.8 ± 64.7

5.8 ± 2.1

24.0 ± 15.1

Range

1.7 - 257.4

4.8 - 45.2

1.7 - 257.4

3.5 - 9.1

3.7 - 57.8

N

144

58

22

26

38

Mean

11.5 ± 10.3

14.8 ± 13.0

7.8 ± 7.0

9.3 ± 9.0

10.2 ± 6.0

Range

0.9 - 57.3

2.2 - 57.3

0.9 - 27.4

1.2 - 36.4

2.3 - 27.8

N

130

58

23

18

31

Mean

13.9 ± 13.1

14.0 ± 11.6

8.6 ± 5.5

17.9 ± 20.7

15.5 ± 13.4

Range

2.5 - 72.4

2.7 - 67.0

2.5 - 23.0

3.4 - 66.8

2.8 - 72.4

2006
PBM
(pg m-3)

GOM
(pg m-3)
2007
PBM
(pg m-3)
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To compare the TM wet deposition fluxes with previous studies the
study sites were divided into the following three categories: (1) MDN
sites located at similar latitudes Edmonson County, Kentucky (KY10)
(latitude; 37.132) and Gloucester County, Virginia (VA98) (latitude;
37.531) with Seoul (latitude; 37.514)

(2) rural sites (Eagle Harbor,

Pellston, Dexter, Potsdam, Steubenville, Hokkaido, Guizhou), and (3)
urban sites (Aichi, Hyogo, Tokyo) (Table 3-2). Annual TM wet
deposition fluxes measured in 2006 (16.8 µg m-2) and 2007 (20.2 µg m2

) in Seoul were much higher than those at the MDN sites (KY10: 10.2

µg m-2) and VA98: 7.6 µg m-2), rural (Eagle Harbor: 5.2 µg m-2,
Pellston: 7.4 µg m-2, Dexter: 10.7 µg m-2, Potsdam: 5.9 µg m-2
Steubenville: 13.5 µg m-2, and Hokkaido: 7.1 µg m-2) and other urban
sites (Aichi: 10.7 µg m-2, Hyogo: 14.0 µg m-2 and Tokyo: 16.7 µg m-2).
The TM wet deposition flux in Wujiang, River basin, Guizhou, China
(34.7 µg m-2), however, was much higher than that found in this study.
This is mainly because the annual TM concentration in Guizhou (36.0
ng L-1) was much higher than that in this study even though annual
rainfall depth (963 mm) in Guizhou was much lower than in this study.
Significantly higher TM concentrations in Guizhou resulted in a wet
deposition flux that was almost two times higher than those measured
in this study. China is the largest mercury emitting country in the world,
contributing 50% of the total anthropogenic emissions (Jiang et al.,
94

2006; Zhang and Wong, 2007). Therefore, much larger mercury
emissions in Guizhou, China (Streets et al., 2005) probably results in
both high atmospheric mercury concentrations and high wet deposition
compared in Korea.
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Table 3-2. Comparisons with previous studies for TM wet deposition flux
Location

Sampling period

Precipitation
depth
(mm)

VWM
conc.
(ng L-1)

Wet deposition flux
(µg m-2)

Representation

Reference

USA

Jan. 2006 ~ Dec. 2006

1286

8.8

10.2

Rural

National Atmospheric Deposition Program (2007)

USA

Jan. 2006 ~ Dec. 2006

1446

7.7

7.6

Rural

National Atmospheric Deposition Program (2007)

USA

Jan. 2003 ~ Dec. 2003

645

8.3

5.2

Rural

Keeler and Dvonch (2005)

USA

Jan. 2003 ~ Dec. 2003

787

9.4

7.4

Rural

Keeler and Dvonch (2005)

USA

Jan. 2003 ~ Dec. 2003

896

11.9

10.7

Rural

Keeler and Dvonch (2005)

USA

Jan. 2004 ~ Dec. 2004

1100

5.5

5.9

Rural

Lai et al. (2007)

USA

Jan. 2003 ~ Dec. 2003

948

14.0

13.5

Rural

Keeler et al. (2006)

Hokkaido

Japan

Dec. 2002 ~ Nov. 2003

882

8.0

7.1

Rural

Sakata and Marumoto (2005)

Aichi

Japan

Dec. 2002 ~ Nov. 2003

1679

7.8

13.1

Urban

Sakata and Marumoto (2005)

Hyogo

Japan

Dec. 2002 ~ Nov. 2003

1481

9.5

14.0

Urban

Sakata and Marumoto (2005)

Site

Kentucky
(KY10), MDN
Virginia (VA98),
MDN
Eagle Harbor,
Michigan
Pellston,
Michigan
Dexter,
Michigan
Potsdam,
New York
Steubenville,
Ohio

Tokyo

Japan

Dec. 2002 ~ Nov. 2003

1912

8.7

16.7

Urban

Sakata and Marumoto (2005)

Wujiang River,
Guizhou

China

Jan. 2006 ~ Dec. 2006

963

36.0

34.7

Rural

Guo et al. (2008) and reference cited therein

Seoul

Korea

Jan. 2006 ~ Dec. 2006

1645

10.1

16.8

Urban

This study (2006)

Seoul

Korea

Jan. 2007 ~ Dec. 2007

1235

16.3

20.2

Urban

This study (2007)
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3.3.2.

Relationship

between

rainfall

depth,

VWM

TM

concentration and TM wet deposition flux
A negative correlation was observed between rainfall depth and
VWM TM concentrations between 2006 and 2007 (r2=0.20) (p<0.01)
(Figure 3-3) indicating that TM concentrations in precipitation
decreased as rainfall depth increased. This was probably due to “washout” of GOM and PBM from the atmosphere during the early stage of
rain event (Hall et al., 2005).

Figure 3-3. Relationship between rainfall depth and VWM TM
concentration by season

This negative correlation between rainfall depth and TM
concentrations in precipitation has been also found by previous studies
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(Guo et al., 2008; Landis et al., 2002b; Watras et al., 2000). Because
TM concentrations in precipitation were influenced by the volume of
precipitation collected, the rainfall depth could partly explain the
variance in TM concentrations. Other factors, however, such as the
season, type of precipitation, and meteorological transport history may
also strongly influence TM concentrations (Keeler et al., 2005). Briefly,
atmospheric GOM and PBM concentrations generally have seasonal
variations, causing seasonal variation in TM concentrations in
precipitation. The type of precipitation is likely to affect the TM
concentration in precipitation because of the different scavenging
efficiencies. In addition, the prevailing meteorological transport pattern
generally influences the TM concentration. The TM concentration is
likely to be enhanced when the winds pass through an urban or
industrial area.
There was statistically significant positive correlation between
rainfall depth and TM wet deposition flux between 2006 and 2007
(p<0.01) (Figure 3-4). This result indicates that the TM wet deposition
flux increased during large events even though continuous rain diluted
the TM concentration in precipitation
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Figure 3-4. Relationship between rainfall depth and TM wet
deposition flux by season

3.3.3. Scavenging ratios of GOM and PBM
The TM concentration in precipitation depends on the relative
amounts of mercury species (e.g. GOM or PBM) in the air that is
available for scavenging. To identify the contribution of mercury
species to the TM concentration in precipitation and determine the
association between TM concentration in precipitation and atmospheric
concentration of mercury species (GOM and PBM), multiple linear
regression was performed with by solving the following equation (3-1).
For the GOM and PBM data, we used the data which was obtained
within 24h before wet deposition event. GOM (n=21) and PBM
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concentrations (n=21) measured before wet deposition events were
used as independent variables and TM concentration (n=21) was used
as the dependent variable.

TM in precipitation = SCGOM CGOM + SCPBM CPBM

(3-1)

where SCGOM and SCPBM (m3 rain / m3 air) are scavenging coefficient
(SC) for GOM and PBM, and CGOM (ng m-3) and CPBM (ng m-3) are
atmospheric concentrations for GOM and PBM, respectively. This
analysis yielded the following equation:

TM in precipitation = 747.12 CGOM + 382.46 CPBM + 1.49

(3-2)

The multiple linear model fit the data well (r2=0.37) and was
statistically significant (p<0.05). As shown in equation (3-2), SCGOM
(750) is much higher than SCPBM (380), suggesting that GOM was more
effectively scavenged by wet deposition than was PBM. Since there are
no reported values for SCGOM in the literature it was compared with
other soluble species such as SO42- and found to be reasonable. A
previous study (Lindberg, 1982) reported that scavenging coefficient of
SO42- ranged from about 430 to 1900.
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In addition, SCPBM was within the range of values (200 to 2000) that is
indicative of particle scavenging (Guentzel et al., 1995; Sakata and
Asakura, 2007). It should be noted that Sakata and Asakura (2007)
determined the amount of PBM in the precipitation samples by
filtration. GOM, however, strongly adheres to surfaces and could have
been sorbed to the particles or the filters resulting in a positive artifact
which would increase SCPBM. In addition, only particle sizes < 2.5 µm
in the air were collected whereas rainfall collects all particle sizes.
Particle scavenging depends on the particle size distribution with the
larger particles more efficiently scavenged than smaller sizes (Kim et
al., 2007).

3.4. Conclusions
In this study, atmospheric TM wet deposition was measured to
characterize monthly and seasonal variations in Seoul, Korea. VWM
TM concentrations in precipitation in 2006 and 2007 were 10.1 ± 17.0
ng L

-1

and 16.3 ± 16.5 ng L -1, respectively. The TM wet deposition

flux in 2006 and 2007 were 16.8 µg m-2 and 20.2 µg m-2, respectively.
For the complete sampling period VWM TM concentrations were high
in spring and winter. In particular VWM TM concentrations during
yellow sand events were much higher than during non-yellow sand
events resulting in high VWM TM concentrations in spring. These
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results suggest that mercury species (GOM and PBM) are being
transported from China during yellow sand events. There was a
statistically significant positive correlation between rainfall depth and
wet deposition flux (r2=0.22) (p<0.01), while there was a significant
negative correlation between rainfall depth and TM concentration in
precipitation (r2=0.20) (p<0.01). TM wet deposition flux was highest
during summer 2007 (9.7 µg m-2) and lowest during winter 2007 (1.2
µg m-2). Multiple linear regression revealed that SCGOM (750) was
much higher than SCPBM (380) suggesting that GOM was more
effectively scavenged by wet deposition than PBM.
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Chapter 4
Source identification of total mercury (TM) wet
deposition using a Lagrangian particle dispersion
model (LPDM) 2
Abstract
Precipitation samples for total mercury (TM) were collected with a
modified MIC-B sampler concurrent with atmospheric gaseous
oxidized mercury (GOM) and particulate bound mercury (PBM)
concentrations on the roof of Graduate School of Public Health
building in Seoul, Korea from January 2006 to December 2009. These
samples were used to determine the seasonal variations in TM wet
deposition, to determine the contribution of GOM and PBM scavenging
to mercury wet deposition, and to identify source areas contributing to
the high TM wet deposition using a Lagrangian particle dispersion
model (LPDM).
During the sampling period, the VWM TM concentration was
highest in winter, followed by spring, fall and summer, while the wet
deposition flux was highest in summer, followed by spring, fall and
winter. Multiple linear regression showed that the scavenging
coefficient (SC) for GOM was much higher than the SC for PBM

2

This chapter was submitted to Environmental Science & Technology.
- 109 -

indicating that GOM was more effectively scavenged by wet deposition
than PBM (SCGOM = 715 and SCPBM = 407). Joint-probability LPDM
(JP-LPDM) indicated that the main sources of TM wet deposition were
Guizhou, Guangdong, Liaoning, Hunan, Shaanxi, Nei Mongol and
Gobi Desert. This suggests that both anthropogenic sources such as
industrial areas and natural source areas such as deserts contributed to
the high TM concentration in Seoul, Korea.
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4.1. Introduction
Gaseous elemental mercury (GEM) is the predominant form in
ambient air (> 95%) and its residence time is relatively long (0.5 ~ 2
years) due to its low solubility and inertness (Schroeder and Munthe,
1998) which does not allow it to be efficiently incorporated into wet
deposition. On the other hand, gaseous oxidized mercury (GOM) is
very water soluble, with relatively strong surface adhesion properties
(Han et al., 2005) and can be scavenged by rain within precipitating
clouds and below clouds (Lin and Pehkonen, 1999). Particulate bound
mercury (PBM) can be wet deposited relatively efficiently if it is
associated with particles in or below precipitating clouds (Cohen et al.,
2004).
As a result, the predominant form of mercury in wet deposition is in
the oxidized (GOM) or particulate forms (PBM) (Seo et al., 2012). The
GOM and PBM concentration is generally <5% of the total gas-phase
mercury, however, their contribution to deposition is generally much
higher than this because they are quickly deposited to the surface by
wet and dry processes (U.S. EPA, 1997).
There have been several attempts to associate precipitation chemistry
data with source locations (Lucey et al., 2001; Plaisance et al., 1996;
Zeng and Hopke, 1989). Previous studies have also attempted to
determine the annual total mercury (TM) wet deposition flux and
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identified the likely source areas contributing to the high TM wet
deposition flux using receptor models such as Potential Source
Contribution Function (PSCF) (Lai et al., 2007; Huang and Gustin
2012). Trajectory calculations are often used for the interpretation of
atmospheric trace elements measurements, however, two important
factors are normally not considered. First, trace element samples are
associated with air that is collected over a significant time interval,
whereas back-trajectories track the path of an infinitesimally small
particle; second, turbulence and convection are often ignored (Stohl et
al., 2002). In this study backward simulation with a Lagrangian particle
dispersion model (LPDM) was used in an attempt to reduce such errors
associated with using a single trajectory. There have been a few prior
studies that used LPDM to obtain source-receptor relationships (Han et
al., 2005; Stohl et al., 2002; Seibert and Frank, 2004), but there have
been no studies involving mercury wet deposition data. Additional
complicating factors are that the chemical composition in precipitation
is quite variable, not only from event to event, but also within an event
(Seymour et al., 1978; Seymour and Stout, 1983; Davies; 1984). In
addition, rain intensity is not always constant, and therefore it is not
easy to identify the relationship between the source and the receptor.
The objectives of this study were to characterize the seasonal
variations of atmospheric TM wet deposition and to identify the source
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areas contributing to the high TM wet deposition using the LPDM
receptor model which considers dispersion, reaction, and deposition.

4.2.

Materials and methods

4.2.1. Sampling program
Wet-only precipitation samples (n=176) were collected using a
modified MIC-B automatic precipitation collector (MIC, Thornhill,
Ontario) on the roof (~ 17 m above ground) of the Graduate School of
Public Health in Seoul, Korea between January 2006 and December
2009 (latitude : 37.514, longitude : 127.001) (Figure 4-1) (See
Supporting Information (SI) for details). Seoul has a massive traffic
volume as well as a high population density, and is a diverse urban
metropolis. The sampling site is surrounded by residential and
commercial buildings and surface roads. There are four waste
incineration facilities located about 13 km northeast, 14 km southwest,
15 km southwest and 18 km southeast of the sampling site.
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Figure 4-1. The location of sampling site in this study (Seoul, Korea)

All field sampling and analytical supplies which came into contact
with the samples were cleaned in an 11-day acid cleaning procedures
described in the U.S. EPA Lake Michigan Mass Balance Methods
Compendium (LMMBMC) (U.S. EPA, 1994b). Teflon bottles were
filled with 20 mL of 0.08 M HCl solution to minimize mercury loss in
precipitation before field deployment. The precipitation sample volume
was gravimetrically determined and the precipitation depth was
calculated by dividing the precipitation volume by the funnel area.
In

addition,

samples

for

atmospheric

speciated

mercury

concentrations (GOM and PBM) were collected at the same site as
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were samples for wet-only precipitation (n= 390 for GOM, n=379 for
PBM). GOM and PBM concentrations were measured manually from
January 2006 to December 2009, simultaneously during the daytime
(10:00-16:00) and the nighttime (18:00-24:00) (some samples were
obtained from midnight to midnight for 24 h). The manual sampling
method for GOM and PBM followed the procedures described in
previous studies

(Landis et al., 2002a; Han et al., 2004b; Kim et al.,

2009) (See SI for details). Meteorological data (temperature and wind
speed) were obtained from the Korea Meteorological Administration
(KMA) located approximately 1 km from the site to identify the type of
precipitation. Extreme meteorological occurrences such as yellow sand
events or typhoons that might influence the measured wet deposition
were also noted.

4.2.2. Analytical Methods
Total Mercury (TM) in precipitation was measured using a Tekran
Series

2600

equipped

with

cold

vapor

atomic

fluorescence

spectrometry (CVAFS) (Tekran Inc., Toronto, Canada) followed the
procedures outlined in the U.S. EPA Method 1631 version E (U.S. EPA,
2002) and the U.S. EPA LMMBMC (U.S. EPA, 1994a) (See SI for
details).
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The analytical method for GOM and PBM followed the procedures
outlined in previous studies (Landis et al., 2002a; Han et al., 2004b;
Kim et al., 2009). Briefly, denuders and quartz filters were thermally
desorbed for about 30 min using a tube furnace (Lindberg 55035C) at
525℃ and 900℃ to convert GOM or PBM to Hg0 in a carrier gas of
zero air, respectively. The heated air was transported into a CVAFS
analyzer (Tekran Model 2537A) for quantification (Kim et al., 2009).

4.2.3. QA/QC
Quality assurance and quality control procedures for TM in
precipitation were based on the U.S. EPA Method 1631 version E (U.S.
EPA., 2002) and Lake Michigan Mass Balance Methods Compendium
(LMMBMC) (U.S. EPA, 1994a) (See SI for details).
RPD analyses (16 of 387 GOM samples and 18 of 376 PBM
samples) were 11.4 ± 9.5 % for GOM (r2=0.97) and 9.4 ± 6.3 % for
PBM (r2=0.98). Lab blank values < 2pg were required before the
denuders were used for sampling. A field blank was taken for every
twenty samples, and the average value for GOM and PBM were 1.1 ±
0.6 pg (n=17) and 0.8 ± 0.6 pg (n=14), respectively. The method
detection limits (MDLs) for GOM and PBM calculated using the
average field blank multiplied by three times the standard deviation of
field blanks were 1.9 and 1.8 pg m-3, respectively.
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4.3.

Model description

4.3.1. Potential Source Contribution Function (PSCF)
Trajectories are defined as the paths of small particles of air at a
certain point in space at a given time and can be traced forward or
backward in time (Stohl et al., 2002). The HYSPLIT (HYbrid SingleParticle Lagrangian Integrated Trajectory) model is a complete system
for computing simple air parcel trajectories to complex dispersion and
deposition simulations (Draxler and Hess, 2005). PSCF, a trajectorybased model is a simple method that links residence time in upwind
areas with high concentrations through a conditional probability field,
was originally developed by Ashbaugh et al. (1985). PSCFij is the
conditional probability that an air parcel that passed through the ijth
cell had a high concentration upon arrival to the monitoring site and is
defined as

(4-1)

where nij is the number of trajectory segment endpoints fall into the ijth cell, and the mij is the number of segment endpoints in the same grid
cell (ij-th cell) when the concentrations are higher than a criterion value.
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PSCF has been extensively and successfully used in the past (Cheng
et al., 1993; Poissant., 1999; Lin et al., 2001; Han et al., 2005; Hopke et
al., 2005; Lai et al., 2007; Zeng and Hopke, 1989). A detailed
description is outlined in the SI.

4.3.2. Lagrangian Particle Dispersion Model (LPDM)
Trajectories are typically calculated for samples collected over long
time periods. However individual trajectories cannot represent the
whole measurement time and do not consider turbulent mixing and
convection in the atmosphere. Specifically traditional PSCF does not
consider the reduction of the concentration of the species through
diffusion, chemical transformation, and atmospheric scavenging during
the transport between the source areas and the receptor (Cheng et al.,
1993). It can be insufficient to identify the source-receptor relationship
based on backward trajectories and to represent the transport history of
a sampling volume even if it is small (Stohl et al., 2002). For this
reason, more elaborate models are used, both of the planetary boundary
layer (PBL), where an air mass quickly loses its identity due to strong
mixing (Lyons et al., 1995), and at higher levels of the atmosphere
when longer time scales are considered (Sutton, 1994). The LPDM
contains no artificial numerical diffusion like Eulerian models (Nguyen

- 118 -

et al., 1997) and hence has a greater potential to resolve fine-scale
structures of the flow.
The LPDM is based on the conditioned particle concepts (Smith,
1968; Park, 1990) in which released particles with any specified release
rate into the model domain are advected by velocity components
resolved by the model and subgrid-scale turbulent components.
Therefore LPDM is physically and theoretically more correct than
trajectory models. However trajectory models are still used because of
convenience, availability of models and computational constraints
(Stohl et al., 2002).
The source-receptor relationship can be linear or nonlinear. In this
study, a linear source-receptor relationship was calculated using the
HYSPLIT 4 dispersion model (LPDM) because standard LPDM cannot
simulate nonlinear chemical reactions (Seibert and Frank, 2004). Linear
source-receptor relationships can be calculated with following equation
(4-2).

y=Mx

where,

y

indicates

the

discrete

(4-2)

observation

(e.g.

measured

concentration) at receptor sites and x is the source emission term, which
varies with locations and time. M is the source-receptor relationship
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including transport processes. In conventional PSCF, the number of end
points in the ij-th cell which is expressed as a residence time (hr), is
simply considered to be the source-receptor relationship of the ij-th cell
(Han et al., 2005).
The output value of the dispersion model such as HYSPLIT 4 is
regarded as source-receptor matrix. The HYSPLIT model gives gridded
concentration fields (mass m-3) as output. To obtain the residence time
of each grid (e.g. transmission corrected residence time), a
transformation is necessary (Han et al., 2005; Seibert, 2001; Seibert and
Frank, 2004).

t=

∆TsVs

µ tot

c

(4-3)

where ΔTs is the time during which the source is acting, Vs is the
volume of grid and c is the concentration in a grid cell as produced by
HYSPLIT, and µtot is the total mass associated with particles released.
Once the transmission-corrected residence time is calculated, the
potential source contribution function (PSCF) can be applied. LPDM is
more accurate in the prediction of the behavior of an air parcel, since
the dispersion model can estimate precise standard deviations of
atmospheric turbulence from calculated stability which changes at
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every grid and every time step through a meteorological model and dry
and wet deposition using a meteorological model and measured or
estimated precipitation rate (Draxler and Hess, 2005; Han et al., 2005).
In this study, the LPDM were calculated with Global Data Assimilation
System (GDAS) meteorological data.
LPDM cannot explain include transformations between multiple
pollutant species. Therefore the LPDM results which considered only
GOM are shown in this study. GOM is more effectively scavenged by
wet deposition than is PBM. In addition, PBM has large uncertainties
associated with size distributions which can change due to physical and
chemical processes including adsorption, nucleation, and other gasparticle partitioning mechanisms, ambient particle concentrations and
meteorological conditions (Kim et al., 2012).
All GOM was assumed to be HgCl2 and the emission rate was set to
a continuous 1 kg hr-1 in the source-receptor relationship. The
molecular weight of HgCl2, surface reactivity ratio, and Henry’s
constant were set to be 271.5 g, 1, and 1.4 ×106 M atm-1, respectively.
A detailed description is provided in a previous study (Han et al., 2005).
The criterion value of LPDM for VWM TM concentration was set to
the upper 20th percentile of the source concentration to provide a better
estimation and resolution of source locations during the sampling
period.
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The VWM TM concentrations were used instead of wet deposition
fluxes in the modeling analysis to avoid having the modeling results
being driven by the amount of precipitation rather than the amount of
Hg deposited (approximately 2/3 of total rainfall occurs during the
summer season in Korea (Seo et al., 2012)). The geographic area
covered by the computed trajectories was divided into an array of 0.5º
latitude by 0.5º longitude grid cells.
The previous studies used Joint-probability PSCF (JP-PSCF) for
multisite measurements (Han et al., 2005; Hsu et al., 2003). JP-PSCF
combines

measurements

from multiple sites, thus providing

information that cannot be obtained from single site measurements. In
this study, joint-probability LPDM (JP-LPDM) was used at different
starting heights. JP-LPDM incorporates probability from multiple
starting heights, thus providing information that cannot be obtained
from single starting height. The JP-LPDM value for a grid cell was
defined with the following equation (4-4)

P (JP - LPDM ij ) =

P(Bij )100m + P(Bij )500m + P(Bij )1000m
P(Aij )100m + P(Aij )500m + P(Aij )1000m

(4-4)

where, P (JP - LPDM ij ) represent the value of joint probability of
LPDM for the ijth cell.
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4.4.

Comparison between emission inventories and
LPDM results

A spatial correlation index (r) (Haining, 1990), calculated using
MATLAB was used to determine the statistical association between
emission inventories and modeling results. A detailed description of
this approach can be found in the previous studies (Han et al., 2005;
Hopke et al., 2005; Lai et al., 2007). In this study, the anthropogenic
mercury emission inventories estimated for China in 2000 was used
(Street et al., 2005) although it should be noted that the China emission
inventory is believed to have significant uncertainties in part because
many of the activities that release large amounts of mercury occur in
remote parts of the country.

4.5.

Results and Discussion

4.5.1. Monthly and seasonal variations of TM wet deposition
The seasonal variations of volume weighted mean (VWM) TM
concentrations, precipitation depth, and wet deposition flux from 2006
to 2009 (n=176) are summarized in Table 4-1.
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Table 4-1. Summary of TM wet deposition in this study
Year

Total

Spring

Summer

Fall

Winter

44

12

19

9

4

1645.0

210.7

1223.6

132.8

77.9

10.1 ± 17.0

15..8 ± 21.3

6.8 ± 9.6

28.0 ± 20.1

18.1 ± 10.3

Wet deposition flux (µg m )

16.8

3.3

8.4

3.7

1.4

N

52

17

16

14

5

1235.7

281.5

641.7

281.0

31.5

16.3 ± 16.5

24.4 ± 16.8

15.0 ± 15.7

8.6 ± 9.9

38.5 ± 17.2

Wet deposition flux (µg m )

20.2

6.9

9.7

2.4

1.2

N

39

10

18

5

6

1290.8

180.8

909.3

142.8

57.9

VWM TM conc. (ng L )

14.3 ± 11.9

16.1 ± 9.4

13.4 ± 9.9

12.4 ± 16.7

26.8 ± 13.1

Wet deposition flux (µg m-2)

18.5

2.9

12.2

1.8

1.6

N

41

10

16

10

8

1556.6

235.2

1073.7

182.6

65.1

10.2 ± 14.8

13.0 ± 6.6

7.3 ± 14.3

19.9 ± 11.1

31.9 ± 16.7

16.4

2.3

8.0

3.8

2.3

N
Precipitation depth (mm)
2006

-1

VWM TM conc. (ng L )
-2

Precipitation depth (mm)
2007

-1

VWM TM conc. (ng L )
-2

Precipitation depth (mm)
2008

-1

Precipitation depth (mm)
2009

-1

VWM TM conc. (ng L )
-2

Wet deposition flux (µg m )
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The volume weighted mean (VWM) TM concentrations in 2006,
2007, 2008 and 2009 were 10.1 ± 17.0 ng L-1, 16.3 ± 16.5 ng L-1, 14.3
± 11.9 ng L-1 and 10.2 ± 14.8 ng L-1, respectively and the TM wet
deposition flux in 2006, 2007, 2008 and 2009 were 16.8 µg m-2, 20.2
µg m-2, 18.5 µg m-2 and 16.4 µg m-2, respectively. During the sampling
period, the VWM TM concentration was highest in winter (27.0 ± 15.4
ng L-1), followed by spring (18.2 ± 16.3 ng L-1), fall (15.7 ± 13.6 ng L1

), and summer (9.9 ± 12.5 ng L-1) while the wet deposition flux was

highest in summer (38.1 µg m-2), followed by spring (15.4 µg m-2), fall
(11.7 µg m-2), and winter (6.5 µg m-2). Nonparametric Mann-Whitney
test revealed that there were statistical differences in the VWM TM
concentration between winter and other seasons (p<0.01) and there
were statistical differences in wet deposition flux between summer and
other seasons (p<0.01) except winter (p=0.09).
The high VWM TM concentration in winter was associated with the
combined effect of the low rainfall depth and high speciated mercury
(GOM and PBM) concentrations (Seo et al., 2012). As will be
discussed later there was a statistically significant negative correlation
between rainfall depth and TM concentration in precipitation (r2=0.19)
(p<0.01) which could be a factor in the high concentrations seen in
winter in this study. The high TM wet deposition flux in summer (53%
of total TM wet deposition flux) was primarily due to the high
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precipitation rate in summer (77% of total rainfall depth). The high
VWM TM concentration in spring was due to yellow sand events
which occurred before wet deposition events, resulting in high
speciated mercury concentrations. Yellow sand events occurred
immediately prior to wet deposition events in 2006 (16 March, 29
March, 7 April and 18 April) and in 2007 (7 March, 28 March, 2 April
and 9 May). During those periods GOM and PBM concentrations were
elevated (50.8 pg m-3 GOM and 27.2 pg m-3 PBM on 15 March in
2006; 6.9 pg m-3 GOM and 12.3 pg m-3 PBM on 28 March; 12.0 pg m-3
GOM and 14.0 pg m-3 for PBM on 2 April; and 14.8 pg m-3 GOM and
67.0 pg m-3 PBM on 8 May in 2007) resulting in high VWM TM
concentrations (55.3 ng L-1 on 16 March, 36.1 ng L-1 on 29 March, 32.8
ng L-1 on 18 April in 2006 and 59.1 ng L-1 on 7 March, 34.2 ng L-1 on
28 March, 23.0 ng L-1 on 9 May in 2007).
The VWM TM concentration during yellow sand events (34.4 ± 17.7
ng L-1) (n=36) in spring were statistically higher than during nonyellow sand events in spring (15.4 ± 13.8 ng L-1) (n=11)
(nonparametric Mann-Whitney test, p<0.05). Other previous studies
also suggested that the concentrations of trace elements were much
higher during yellow sand events than during non-yellow sand events
due to trace elements being transported from China (Kim et al., 2007;
Han et al., 2004a; Seo, et al., 2012; Yi et al., 2001).
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The average PBM concentrations were higher than those of GOM.
The average GOM and PBM concentrations were higher in spring and
winter compared to summer and fall (Table 4-2). The monthly GOM
and PBM concentrations were significantly correlated (r2=0.41,
p<0.01) suggesting that the high VWM TM concentration in
precipitation was due to the high atmospheric speciated mercury
concentrations.
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Table 4-2. Summary of atmospheric speciated mercury concentrations
Year
GOM
(pg m-3)

Total

Spring

Summer

Fall

Winter

N

72

14

28

5

25

Mean

14.0 ± 18.6

21.7 ± 24.0

6.1 ± 4.8

4.8 ± 2.9

20.3 ± 22.7

N

69

13

28

4

24

Mean

26.3 ± 42.6

18.1 ± 10.9

35.8 ± 64.7

5.8 ± 2.1

24.0 ± 15.1

N

144

58

22

26

38

Mean

11.5 ± 10.3

14.8 ± 13.0

7.8 ± 7.0

9.3 ± 9.0

10.2 ± 6.0

N

130

58

23

18

31

Mean

13.9 ± 13.1

14.0 ± 11.6

8.6 ± 5.5

17.9 ± 20.7

15.5 ± 13.4

N

65

23

16

17

9

Mean

10.6 ± 7.2

13.8 ± 7.4

9.0 ± 7.1

6.3 ± 4.0

13.8 ± 6.8

N

69

23

16

21

9

Mean

11.8 ± 9.0

11.0 ± 6.4

5.7 ± 3.3

13.7 ± 11.3

20.4 ± 8.2

N

106

29

26

30

21

Mean

11.1 ± 20.4

20.4 ± 33.9

8.0 ± 5.4

5.0 ± 5.2

12.4 ± 20.2

N

108

26

27

28

27

Mean

16.9 ± 21.6

24.8 ± 33.3

10.3 ± 13.0

10.6 ± 12.2

24.0 ± 19.9

2006
PBM
(pg m-3)
GOM
(pg m-3)
2007
PBM
(pg m-3)
GOM
(pg m-3)
2008
PBM
(pg m-3)
GOM
(pg m-3)
2009
PBM
(pg m-3)
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Previous studies of TM wet deposition flux were divided into the
following four categories for comparison: (1) MDN sites located at
similar latitudes (Edmonson County, Kentucky (KY10) (latitude;
37.13) and Gloucester County, Virginia (VA98) (latitude; 37.531) with
Seoul (latitude; 37.51)) because latitude is the single most important
determining factor in meteorological phenomena (precipitation types,
intensity and duration of sun exposure and temperature) (Hardy, 2003).
In addition, a MDN site located at different latitude (Salt Lake County,
Utah (UT97) (latitude; 40.71)) was also included. (2) rural sites (Eagle
Harbor, Pellston, Dexter, Potsdam, Steubenville, Hokkaido, Guizhou),
(3) urban sites (Aichi, Hyogo, Tokyo), and (4) remote site (Mt. Gongga,
China) (Table 4-3). Annual TM wet deposition fluxes measured in
2006 (16.8 µg m-2), 2007 (20.2 µg m-2), 2008 (18.5 µg m-2), and 2009
(16.4 µg m-2) in Seoul were generally much higher than: 1) those at the
MDN sites at similar latitude (KY10: 12.2 µg m-2 and VA98: 9.2 µg m2

), and another MDN site (UT97: 8.9 µg m-2) 2) rural sites (Eagle

Harbor: 5.2 µg m-2, Pellston: 7.4 µg m-2, Dexter: 10.7 µg m-2 , Potsdam:
5.9 µg m-2, Steubenville: 13.5 µg m-2 and Hokkaido: 7.1 µg m-2) and 3)
other urban sites (Aichi: 10.7 µg m-2 , Hyogo: 14.0 µg m-2 and Tokyo:
16.7 µg m-2).
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Table 4-3. Comparisons with previous studies for TM wet deposition flux
Site

Location

Sampling period

Precipitation
depth (mm)

VWM
conc.
(ng L-1)

Wet deposition
flux (µg m-2)

Representation

Reference

Kentucky(KY10), MDN

USA

Jan. 2009 ~ Dec. 2009

1544

7.8

12.2

Rural

National Atmospheric Deposition Program (2009)

Virginia (VA98), MDN

USA

Jan. 2009 ~ Dec. 2009

1346

6.8

9.2

Rural

National Atmospheric Deposition Program (2009)

Utah (UT97), MDN

USA

Jan. 2009 ~ Dec. 2009

460

19.5

8.9

Urban

National Atmospheric Deposition Program (2009)

Eagle Harbor, Michigan

USA

Jan. 2003 ~ Dec. 2003

645

8.3

5.2

Rural

Keeler and Dvonch (2005)

Pellston, Michigan

USA

Jan. 2003 ~ Dec. 2003

787

9.4

7.4

Rural

Keeler and Dvonch (2005)

Dexter, Michigan

USA

Jan. 2003 ~ Dec. 2003

896

11.9

10.7

Rural

Keeler and Dvonch (2005)

Potsdam, New York

USA

Jan. 2004 ~ Dec. 2004

1100

5.5

5.9

Rural

Lai et al. (2007)

Steubenville, Ohio

USA

Jan. 2003~ Dec. 2003

948

14.0

13.5

Rural

Keeler et al. (2006)

Hokkaido

Japan

Dec. 2002 ~ Nov. 2003

882

8.0

7.1

Rural

Sakata and Marumoto (2005)

Aichi

Japan

Dec. 2002 ~ Nov. 2003

1679

7.8

13.1

Urban

Sakata and Marumoto (2005)

Hyogo

Japan

Dec. 2002 ~ Nov. 2003

1481

9.5

14.0

Urban

Sakata and Marumoto (2005)

Tokyo

Japan

Dec. 2002 ~ Nov. 2003

1912

8.7

16.7

Urban

Sakata and Marumoto (2005)

Mt. Gongga

China

May 2006 ~ Apr. 2007

1818

14.3

26.1

Remote

Fu et al. (2010)

Wujiang River, Guizhou

China

Jan. 2006 ~ Dec. 2006

963

36.0

34.7

Rural

Guo et al. (2008) and reference cited therein

Seoul

Korea

Jan. 2006 ~ Dec. 2006

1645

10.1

16.8

Urban

This study

Seoul

Korea

Jan. 2007 ~ Dec. 2007

1235

16.3

20.2

Urban

This study

Seoul

Korea

Jan. 2008 ~ Dec. 2008

1291

16.1

18.5

Urban

This study

Seoul

Korea

Jan. 2009 ~ Dec. 2009

1822

10.2

16.4

Urban

This study
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The TM wet deposition flux in Steubenville was quite low, however,
the VWM TM concentration was high because of the influence of local
and regional sources. There are five large coal-fired utility boilers
within a 50 km radius of the site and seventeen within 100 km (Keeler
et al., 2005).
In addition, the TM wet deposition flux in Mt. Gongga, China (26.1
µg m -2) and Wujiang, River basin, Guizhou, China (34.7 µg m -2) were
much higher than those found in this study. Although Mt. Gongga is a
remote area, the annual TM concentration there is very high probably
because it is heavily impacted by industrial mercury emissions
including non-ferrous smelting activities and coal combustion (Fu et al.,
2010). The annual TM concentration in Guizhou (36.0 ng L-1) was
much higher than that in this study even though there was much lower
annual rainfall depth (963 mm). Significantly higher TM concentrations
in Guizhou result in a wet deposition flux that was about two times
higher than those measured in this study. High mercury emissions in
Guizhou are due to the high mercury content of raw coal in this
province and the relatively large amount of uncontrolled coal
combustion (Streets et al., 2005).

- 131 -

4.5.2. Relationship between rainfall depth, VWM TM
concentration and TM wet deposition flux

There were statistically significant negative correlations between
rainfall depth and log VWM TM concentrations (r2=0.19) (p<0.01)
(Figure 4-2), due to dilution effects during the later stage of
precipitation event.

2.0

Log VWM TM conc. (ng L-1)

y = -0.0044x + 1.27
r2 = 0.19
1.5

1.0

0.5

0.0
0

50

100

150

200

250

300

350

Rainfall depth (mm)

Figure 4-2. Relationship between rainfall depth and VWM TM
concentration

This negative correlation has been also found by the previous studies
(Guo et al., 2008; Landis et al., 2002b; Watras et al., 2000).
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However, there were statistically significant positive correlations
between rainfall depth and TM wet deposition flux (r2=0.27) (p<0.01),
suggesting that the TM wet deposition flux increased during large
events even though continuous rain diluted the TM concentration in
precipitation. Other factors such as the seasonal variation in
atmospheric

concentrations,

the

type

of

precipitation,

and

meteorological transport history, in particular transport through
mercury source areas may also influence on the TM concentrations
(Keeler et al., 2005).

4.5.3.

Scavenging ratios of GOM and PBM

The TM concentration in precipitation depends on the relative
atmospheric concentrations of mercury species such as GOM or PBM
that are available for scavenging (Lindberg, 1982; Guentzel et al.,
1995; Sakata and Asakura, 2007; Seo et al., 2012). In this study, the
scavenging coefficient of GOM was calculated as GOM in precipitation /
GOM
PBM

in air,

and the scavenging coefficient of PBM was calculated as

in precipitation

/ PBM

in air.

Since it is not possible to distinguish

between mercury that was scavenged as GOM and that which was
scavenged as PBM in precipitation samples the scavenging coefficient
of each mercury species cannot be directly calculated. Instead, the
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scavenging coefficients of each mercury species were estimated using
multiple linear regression (SPSS) and compromise both in-cloud and
below-cloud scavenging.
GOM (n=37) and PBM concentrations (n=37) measured 24 h
before wet deposition events were used as independent variables, and
TM concentration (n=37) was used as the dependent variable. Multiple
linear regression was performed with by solving the following equation
(4-5).

TM in precipitation = SCGOM CGOM + SCPBM CPBM

(4-5)

where SCGOM and SCPBM are scavenging coefficient (SC) for GOM and
PBM, and CGOM and CPBM are atmospheric concentrations for GOM
and PBM, respectively. This analysis yielded the following equation (46)

TM in precipitation = 715 CGOM + 407 CPBM + 4

(4-6)

The multiple linear model fit the data well (r2=0.59) and was
statistically significant (p<0.01). As shown in equation (4-6), SCGOM
(714) is much higher than SCPBM (407), suggesting that GOM was more
effectively scavenged by wet deposition than was PBM. Seo et al.
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(2012) determined that scavenging coefficient of GOM was about750,
and Lindberg (1982) indicated that scavenging coefficient of other
soluble species such as SO42- ranged from about 430 to 1900. SCPBM
was within the range of values (200 to 2000) that is indicative of
particle scavenging (Guentzel et al., 1995; Sakata and Asakura, 2007;
Seo et al., 2012).

4.5.4. Identification of possible source location using LPDM
4.5.4.1. LPDM results at different starting heights

Previous studies reported that trajectories for long range transport
(>24 h) that started at different heights may be considerably different
because they traverse different distances and pathways (Hsu et al.,
2003; Heo et al., 2009). According to Kim et al. (2007), mixing heights
were generally < 300 m under stable conditions and about 2-3 km
under well-mixed conditions in Seoul, Korea. In this study, two-day
and three-day LPDM starting every hour at a height of 100 m
(Approach 1), 500 m (Approach 2), 1000 m (Approach 3) above
ground level were computed. LPDM starting at a height of one-half of
mixing height (Approach 4) above ground level was also calculated
with the HYSPLIT 4 model (Lai et al., 2007). The results for these four
approaches (Figure 4-S1) suggest that VWM TM concentration in wet
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deposition was regionally transported rather than globally transported.
LPDM results that have started at different starting heights were similar
and commonly indicate that the potential source areas included Nei
Mongol, Gobi desert and industrial areas in southeast China.

4.5.4.2. LPDM result combined with different starting heights
In this study, the JP-LPDM result combined different starting heights
using 72hr back-dispersion (Approach 5) is shown in Figure 4-3.

Figure 4-3. JP-LPDM result calculated from Approach 5 for
VWM TM concentration

Sources contributing to the high VWM TM concentration of wet
deposition at the sampling site were identified to be the major industrial
area in China including Liaoning, Guangdong, Guizhou, similar to the
locations identified using approaches 1-4. The spatial correlation index
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(r) values between LPDM results and mercury emission inventories
(Figure 4-S2) were compared using approaches 1-5 (Table 4-4). The
indexes for LPDM using 72hr back-dispersion were consistently larger
than those using 48hr back-dispersion. The largest r value (r=95.0) was
obtained from the JP-LPDM that combined different starting heights
using 72hr back-dispersion (Approach 5). This very large value
indicates that the pairs of maps showed a very strong spatial correlation.

Table 4-4. Spatial correlation index (r) between LPDM results and
emissions inventory
Spatial correlation index (r)
Approach

Starting height

LPDM using
48hr backdispersion

LPDM using
72hr backdispersion

Approach 1

100 m

64.0

92.0

Approach 2

500 m

47.6

88.3

Approach 3

1000 m

42.4

93.2

Approach 4

One-half of mixing
height

45.6

48.7

Approach 5

Combined with
different starting
height

55.2

95.0

China is the largest mercury emitting country in the world,
contributing 50% of the total anthropogenic emissions (Jiang et al.,
2006; Zhang and Wong, 2007). According to the China mercury
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emission inventory from 1995 to 2003 (UNEP, 2006), total mercury
emissions from non-ferrous metal smelting was the largest mercury
source followed by coal combustion and cement production. Streets et
al. (2005) also reported that non-ferrous operations and coal are known
to be large mercury emissions sources (non-ferrous metals ores
generally contain higher mercury than other base metals (Pacyna and
Munch, 1991)) and approximately 45% (242 ton yr-1) of the mercury
comes from non-ferrous metals smelting, 38% (202 ton yr-1) from coal
combustion, and 17% from miscellaneous activities in China.
Liaoning (54.1 t or 10.1% of total mercury emissions in China),
Guangdong (44.2 t or 8.3%) and Guizhou (39 t or 7.3%) is the three
highest mercury emitting provinces due to the non-ferrous metal
smelters (e.g. large zinc smelting plants in Liaoning, and large zinc and
lead smelting plants in Guangdong). In addition, high mercury
emissions in Guizhou were due to the high mercury content of raw coal
in this province and the relatively large amount of uncontrolled coal
combustion. Sources contributing to the high VWM TM concentration
of wet deposition at the sampling site were also identified to be the
major coal supplying provinces in China including Hunan, Shaanxi,
Nei Mongol. These provinces have little difference between the
mercury content of coal because all, or nearly all, of the coal is
obtained from within-province supplies (Streets et al., 2005). In
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addition, all approaches commonly indicated that the Gobi Desert is a
potential source. It is the second largest desert in China and was to be
the main source of yellow sand transported to Korea. As described
earlier, high VWM TM concentrations were mainly due to yellow sand
events. Although the LPDM does not provide a quantitative
apportionment of the amount of emissions, but it showed the specific
source areas. Therefore it provides useful information on sourcereceptor relationships.
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Supporting Information
Sampling program

The precipitation samples were collected using a modified MIC-B
automatic precipitation collector (MIC, Thornhill, Ontario) equipped
with four discrete precipitation sampling systems that allows for two
mercury sampling trains and two trace elements sampling trains as was
used and validated in previous studies (Lai et al., 2007; Landis and
Keeler, 1997; Seo et al., 2012). Briefly, the mercury sampling train
consists of a borosilicate glass funnel, a glass vapor lock, a Teflon
adapter and a Teflon bottle that was acid-cleaned before field use. The
sampling trains were manually deployed only when precipitation was
forecast and were retrieved after precipitation stopped.
GOM and PBM (dp < 2.5 µm) were collected using a KCl-coated
annular denuder and quartz filter, respectively, at a flow rate 10 L min-1.
The sampling system included a coupler, elutriator, impactor, filter
holder (URG Inc.), dry gas meter, pump, and a sampling box
maintained at 50 ℃ to prevent hydrolysis of KCl. The quartz annular
denuders were cleaned, coated and conditioned prior to GOM sampling.
Once the denuder was coated and dried, it was thermally conditioned to
ensure that the KCl coating was preserved in place and that any
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residual mercury was eliminated (Landis et al., 2002a). The quartz
filters were used to collect PBM less than 2.5 µm in size and were
baked in a tube furnace at 900 ℃ for one hour before use.

Analytical Methods

Total Mercury (TM) in precipitation was measured using a Tekran
Series

2600

equipped

with

cold

vapor

atomic

fluorescence

spectrometry (CVAFS) (Tekran Inc., Toronto, Canada) followed the
procedures outlined in the U.S. EPA Method 1631 version E (U.S. EPA,
2002) and the U.S. EPA LMMBMC (U.S. EPA, 1994a). Prior to being
analyzed, the samples were oxidized with BrCl to a 1% solution (v/v)
and were stored in a refrigerator (4℃) for at least 12 hours. Mercury
was then purged from the solution with a high purity argon stream after
reduction with NH2OH·HCl and reduction of divalent mercury by
SnCl2 to Hg0 and concentrated onto a gold-coated bead trap (Fitzgerald
and Gill, 1979; Landis and Keeler, 1997). Calibration standards were
prepared by diluting the mercury stock solution (SRM 3133, mercury
standard solution) which was purchased from the National Institute of
Standards and Technology (NIST).
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QA/QC
Quality assurance and quality control procedures for TM in
precipitation were based on the U.S. EPA Method 1631 version E (U.S.
EPA., 2002) and Lake Michigan Mass Balance Methods Compendium
(LMMBMC) (U.S. EPA, 1994a). The standard curve was deemed
acceptable when r2 was greater than 0.995 (linear) over a mercury
concentration range from 0.5 to 100 ng L-1. Initial precision and
recovery (IPR) and ongoing precision and recovery (OPR) solution (5
ppt) analyzed prior to the analysis of any samples and subsequently
every 20 samples ranged between 93% and 107%, and 90% and 117%,
respectively. The relative percent difference (RPD) between duplicate
samples (n=172) was 7.4 ± 6.3 %. Recovery (%) of diluted standard
reference materials (SRMs) (DORM2, National Research Council of
Canada and SRM 1641d, NIST) was measured at the start of the
experiments and ranged between 90 and 110 % (100.1 ± 4.3 % in
average). The MDL (three times the standard deviation of seven
sequential reagent blanks) for total mercury was 0.06 ng L-1. Field
blanks (n=48) were collected by deploying the sampling assembly
inside the MIC-B during non-precipitation conditions. The average
field blank concentration was 0.26 ± 0.23 ng L-1. All samples were
corrected by the associated monthly field blank. The actual sample
concentrations ranged from 1.4 to 74.4 ng L-1.
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Potential Source Contribution Function (PSCF)
The PSCF model counts each trajectory segment endpoint within a
given grid cell. For an event at the receptor site, the probability is
related to the number of endpoints in that cell associated with the total
number of endpoints for all sampling dates. If N is the total number of
trajectory segment endpoints over the study period, and if n is the
number of trajectory segment endpoints fall into the ij-th cell, the
probability of this events, Aij, is calculated by

P[Aij] = nij / N

If the mij is the number of segment endpoints in the same grid cell (ijth cell) when the concentrations are higher than a criterion value, the
probability of this high concentration event, Bij, is given by P[Bij],

P[Bij] = mij / N
The probability of high concentration event divided by the
probability of total event in a fixed grid cell defines the PSCF value as
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High PSCF values in that grid those grid cells are regarded as
possible source locations. Cells including emission sources could be
identified with conditional probabilities close to one if trajectories that
have crossed the cells efficiently transport the released pollutant to the
receptor site. Therefore, the PSCF model provides a tool to map the
source potentials of geographical areas.
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Figure 4-S1. LPDM results calculated from Approach 1 to 4 for
VWM TM concentration at different starting heights.
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Figure 4-S2. GOM emission map of China (Units: kg/grid·year;
Grid size: 0.5 degree; Reference year: 2000; Source: David Streets at
Argonne National Lab)
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Chapter 5
Conclusions
In this study, total mercury (TM) in precipitation samples was
collected with a modified MIC-B sampler on the roof of Graduate
School of Public Health building in Seoul, Korea from January 2006 to
December 2009 to determine the seasonal variations and to identify the
contribution of GOM and PBM scavenging to mercury wet deposition,
and to identify the source areas contributing to the high TM wet
deposition using a Lagrangian particle dispersion model (LPDM).
The volume weighted mean (VWM) TM concentrations in 2006,
2007, 2008 and 2009 were 10.1 ± 17.0 ng L-1, 16.3 ± 16.5 ng L-1, 14.3
± 11.9 ng L-1 and 10.2 ± 14.8 ng L-1, respectively and the TM wet
deposition flux in 2006, 2007, 2008 and 2009 were 16.8 µg m-2, 20.2
µg m-2, 18.5 µg m-2 and 16.4 µg m-2, respectively. During the sampling
period, the VWM TM concentration was highest in winter (27.0 ± 15.4
ng L-1), followed by spring (18.2 ± 16.3 ng L-1), fall (15.7 ± 13.6 ng L1

), and summer (9.9 ± 12.5 ng L-1) while the wet deposition flux was

highest in summer (38.1 µg m-2), followed by spring (15.4 µg m-2), fall
(11.7 µg m-2), and winter (6.5 µg m-2).
The VWM TM concentration during yellow sand events (34.4 ± 17.7
ng L-1) (n=36) in spring were statistically higher than during non- 153 -

yellow sand events in spring (15.4 ± 13.8 ng L-1) (n=11)
(nonparametric Mann-Whitney test, p<0.05).
There were statistically significant negative correlations between
rainfall depth and log VWM TM concentrations (r2=0.19) (p<0.01), due
to dilution effects during the later stage of precipitation event. However,
there were statistically significant positive correlations between rainfall
depth and TM wet deposition flux (r2=0.27) (p<0.01), suggesting that
the TM wet deposition flux increased during large events even though
continuous rain diluted the TM concentration in precipitation.
Multiple linear regression showed that the scavenging coefficient
(SC) for GOM was much higher than the SC for PBM indicating that
GOM was more effectively scavenged by wet deposition than PBM
(SCGOM = 715 and SCPBM = 407).
Joint-probability LPDM (JP-LPDM) indicated that the main sources
contributing to the high VWM TM concentration of wet deposition at
the sampling site were identified to be the major industrial area in
China including Guizhou, Guangdong, Liaoning, Hunan, Shaanxi, Nei
Mongol and Gobi Desert. This suggested that both anthropogenic
sources such as industrial areas and natural source areas such as deserts
contributed to the high TM concentration in Seoul, Korea. The spatial
correlation indexes (r) values for LPDM using 72hr back-dispersion
were consistently larger than those using 48hr back-dispersion. The
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largest r value was obtained from the JP-LPDM that combined
different starting heights using 72hr back-dispersion. This very large
value indicates that the pairs of maps showed a very strong spatial
correlation.
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국문초록

서울시 대기 중 총 수은의 습식침적량 특성에
관한 연구: 수용모델을 이용한 오염 가능 지역
위치 파악
서울대학교 대학원
보건학과 환경보건 전공
서용석
서울대학교 보건대학원 옥상에서 2006년 1월부터 2009년
12월까지 자동 강우 채취기를 이용하여 강수 중에 포함되어
있는 총 수은 시료를 채취 및 분석하고 동시에 대기 중
가스상 산화수은과 입자상 수은을 채취 및 분석하였다. 이들
시료를 이용하여 습식침적에 의한 총 수은의 계절적인 변화를
살펴보고 대기 중 가스상 수은과 입자상 수은의 습식침적에
대한 기여도를 알아보고 또한 수용모델을 이용하여 오염원의
위치를 파악하였다.
강수 내 총 수은의 부피가중 평균 농도는 2006년, 2007년,
-1

2008년, 2009년이 각각 10.1 ± 17.0 ng L , 16.3 ± 16.5 ng
-1

-1

L , 14.3 ± 11.9 ng L , and 10.2 ± 14.8 ng L
-2

-1

이었고, 총
-2

수은의 습식침적량은 각각 16.8 µg m , 20.2 µg m , 18.5 µg
-2

-2

m , 16.4 µg m
부피가중

평균

이었다. 시료채취 기간 동안 총 수은의

농도는

겨울,

봄,
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가을,

여름의

순으로

나타났으나, 습식침적량은 여름, 봄, 가을, 겨울의 순으로
나타났다. 비모수 검정을 통해 겨울철의 총 수은의 농도가
다른 계절에 비해 통계적으로 유의하게 높았음을 알 수
있었고(p<0.01), 여름철의 총 수은의 습식침적량은 겨울철을
제외한(p=0.09)

나머지

계절에

비해

통계적으로

유의하게

높았음을 알 수 있었다(p<0.01).
강수 중 총 수은의 부피가중 평균 농도가 겨울철에 높은
이유는 적은 강수량과 대기 중 가스상 산화 수은과 입자상
수은의 농도가 높았기 때문인 것으로 보인다. 또한 봄철에 총
수은의 부피가중 평균 농도가 높은 이유는 황사의 영향이 큰
것으로 보이는데 이는 강수 중에 존재하는 가스상 산화수은과
입자상 수은이 중국으로부터 장거리 이동을 통해 우리나라에
영향을 미친 것으로 보인다. 비가 오기 전 황사가 발생했을 때,
대기 중 가스상 산화수은과 입자상 수은의 농도가 높은 것을
확인하였으며, 이로 인해 강수 중의 총 수은 농도가 높았다는
것을 알 수 있었다.
연구기간 중 여름철의 습식침적량은 총 습식침적량의
53%을 차지하였는데 이는 총 연구기간 중 빗물 양의 77%가
여름철에 집중되었기 때문인 것으로 보인다.
다중회귀 분석을 이용하여 입자상 수은의 소기계수(407)에
비해 가스상 산화 수은의 소기계수(715)가 더 크다는 것을
확인하였는데 이를 통해 가스상 산화수은이 입자상 수은에
비해 소기가 잘된다는 것을 알 수 있었다.
수용모델인 Joint-probability Lagrangian particle dispersion
model (JP- LPDM)을 이용하여 습식침적에 의한 총 수은의
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주요 오염원을 파악한 결과, 중국의 Guizhou, Guangdong,
Liaoning, Hunan, Shaanxi, Nei Mongol 및 Gobi 사막이 주요
오염원으로

나타났다.

이는

습식침적에

의한

수은의

총

서울

지역에

오염원이

영향을
산업지역과

미치는
같은

인위적인 오염원뿐만 아니라, 자연적인 오염원도 기여한다는
것을 알 수 있었다.

주요어: 총 수은, 가스상 산화수은, 입자상 수은, 습식침적, 소기계수,
Joint-probability Lagrangian particle dispersion model (JP-LPDM)
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