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Abstract 
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in Aliivibrio fischeri and Hordeum vulgare 
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The Graduate School 

Seoul National University 

 

 

The effectiveness of in situ stabilization in arsenic (As)-contaminated soil, as one 

of risk mitigation measures, should be evaluated by means of both chemical 

extractability and biological responses, as chemical analysis alone may not be 

sufficient to assess the ecotoxicity. Although bioassays are liable and realistic in 

determining As toxicity in soil, they are time-consuming and costly. As an alternative, 

a biotic ligand model (BLM) was developed to predict the site-specific toxicity of 

inorganic arsenate (iAs(V)) in soil porewater by using the bioluminescent bacteria 
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Aliivibrio fischeri. To enhance the accuracy of the BLM, the effects of major 

cations/anions; pH; and humic acid (HA), used as a surrogate of dissolved organic 

matter, were assessed, and incorporated into the BLM. 

As the pH increased from 5 to 9, the HAsO4
2- form was more predominant than 

H2AsO4
-, and the EC50[As]T (50% effective iAs(V) concentration) decreased 

drastically from 3554 ± 393 to 39 ± 6 μM; thus, the HAsO4
2- form was more toxic to 

A. fischeri than H2AsO4
- was. As the HPO4

2- activity increased from 0 to 0.44 mM, 

the EC50{HAsO4
2-} values (50% effective HAsO4

2- activity) increased from 31 ± 6 

to 859 ± 128 μM, indicating that the toxicity of iAs(V) decreased, owing to the 

competition caused by the structural similarity between iAs(V) and phosphate ions. 

However, the activities of Ca2+, Mg2+, K+, SO4
2-, NO3

-, and HCO3
- did not 

significantly affect the EC50{HAsO4
2-} values. The BLM was reconstructed to 

account for the effects of pH and phosphate, and the conditional binding constants 

for H2PO4
-, HPO4

2-, H2AsO4
-, and HAsO4

2- binding to the active binding sites of A. 

fischeri were obtained: 3.424 for logKXH2PO4, 4.588 for logKXHPO4, 3.067 for 

logKXH2AsO4, and 4.802 for logKXHAsO4. The fraction of active binding sites that need 

to be occupied by iAs(V) to induce 50% toxicity (fmix
50%) was found to be 0.616. 

This type of approach can be extended to a higher plant (i.e., barley Hordeum 

vulgare) via an interspecies extrapolation approach. The extrapolated BLM, which 

only considers inherent sensitivity, could explain well the alteration of iAs(V) 

toxicity by the competition effect of phosphate. In addition, the fact that the 

EC50{HAsO4
2-} decreased from 45.1 ± 4.34 to 15.0 ± 2.60 μM as Ca2+ concentration 

increased from 0.2 to 20 mM, owing to the accumulation of H2AsO4
- and HAsO4

2- 
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on the cell membrane surface, can be successfully considered in the extrapolated 

BLM by using a linear relationship between cell membrane surface electrical 

potential and EC50{HAsO4
2-}. 

Finally, the feasibility of direct analysis of the binding resin in the DGT using X-

ray fluorescence spectrometry (XRF) was investigated to simplify the analytical 

procedures used to determine bioavailable As concentrations in soil. The binding 

resin obtained from the DGT was dried at 25°C in a desiccator with silica gel for 2 

h, and then directly analyzed via XRF. The As mass loaded in the DGT binding resin 

was plotted against the X-ray intensity obtained from the XRF analysis to generate 

a calibration curve, which showed good linearity (determination coefficient; R2 = 

0.997) with a detection limit of 0.06 μg. A correction factor (CF) for compensating 

the spectral interference of Pb was determined by considering the slope between the 

X-ray intensity measured at a Bragg angle of 48.781° for As-Kα and the Pb mass on 

the DGT binding resin. The use of the derived CF value (0.113) is reasonable for 

obtaining As concentrations with high accuracy. 

The overall results of thesis demonstrate that the toxicity and/or bioavailability 

of iAs(V)-contaminated soil can be effectively predicted by using the extended BLM 

in conjunction with the chemical analysis data of the soil porewater. 

 

Keywords: Inorganic arsenate, biotic ligand model, diffusive gradients in thin film, 

interspecies extrapolation, soil porewater 
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CHAPTER 1 

Introduction 

 

 

1.1. General overview 

Many lines of evidence demonstrate that total concentrations of metals and 

metalloids in soil are not commensurate with the available fractions to soil biota [1,2]. 

This phenomenon occurs mainly due to the complex interactions of metals and 

metalloids with components of soil and soil solution (e.g., organic carbon content, 

clay content, dissolved organic carbon concentration, pH, and cations/anions 

concentrations) which commonly results in altered bioavailability and toxicity. 

Hence, the determination of the site-specific bioavailability and toxicity of metals 

and metalloids-contaminated soil is crucial for realistic ecological risk 

characterization. 

 

 

Significant portions of this chapter were published in An et al. (“Journal of Hazardous 

Materials, 203-204, Jinsung An, Seulki Jeong, Hee Sun Moon, Eun Hea Jho, Kyoungphile 

Nam, Prediction of Cd and Pb toxicity to Vibrio fischeri using biotic ligand-based models in 

soil, 69-76, Copyright Elsevier (2012)”, “Microchemical Journal, 120, Jinsung An, Junseok 

Lee, Gyuri Lee, Kyoungphile Nam, Hye-On Yoon, Combined use of collision cell technique 

and methanol addition for the analysis of arsenic in a high-chloride-containing sample by 

ICP-MS, 77-81, Copyright Elsevier (2015)”) with permission from Elsevier. 
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An appropriate assessment of toxicity of metals and metalloids in soil has been 

paid a great attention, and some readily available tools exist. Measure of toxicity of 

metals and metalloids in soil may be accomplished by direct biological means [3]. 

Biological methods (e.g., activity of microorganisms, bioaccumulation or toxicity 

tests of plants and soil invertebrates) are reliable and realistic in determining toxicity 

of metals and metalloids in soil, but they are time-consuming and costly. 

As an alternative, biotic ligand model (BLM) was widely used to predict the 

metal toxicity in water body [4,5]. Recently, terrestrial biotic ligand model (TBLM) 

[6,7] modified from BLM has been proposed as a promising tool for assessing metal 

toxicity in soil. It is a semi-mathematical model to predict metal toxicity in soil by 

using soil porewater chemistry (i.e., dissolved metal concentration, pH, dissolved 

organic carbon, and concentrations of major cations/anions) [7,8]. TBLM supposes 

that metal ions adsorb to soil matrix and those present in soil solution exist as an 

equilibrium state, and free metal ions in soil solution bind to the active sites (i.e., 

biotic ligands; BL) of organisms, causing toxic effect. In addition, it is assumed that 

major cations (e.g., Ca2+, Mg2+, K+) present in soil solution compete with free metal 

ions for the BL sites, and such competition mitigates the toxicity of free metal ions. 

Arsenic (As) is a metalloid that is highly toxic to living organisms in the 

environment [9,10]. It is widely spread in the aquatic and terrestrial environments 

via both natural and anthropogenic sources. It is produced through a number of 

pathways such as agricultural usages (e.g., pesticides, herbicides, and fertilizers), 

wood preservatives (e.g., chromate copper arsenate), and industrial byproducts (e.g., 

smelter wastes and coal combustion ash) [11-13]. In addition, high As concentrations 

in groundwater, which naturally occur from As-bearing minerals (e.g., arsenopyrite 
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(FeAsS)), have been found in several countries and threaten human health and the 

integrity of ecosystems [9]. 

Despite the extensive previous studies for cationic metals, application of the 

BLM approach to predict As toxicity is very few, because inorganic arsenate 

(iAs(V)), that is a predominant form in various As species, is present as oxyanions 

(i.e., H2AsO4
-, HAsO4

2-). In consequence, the BLM should be reconstructed to 

adequately predict iAs(V) toxicity, and its parameters should be determined, since 

understanding the iAs(V) toxicity in soil porewater is important in realistic 

ecological risk characterization. 

 

 

1.2. Background 

1.2.1. Mathematical description of BLM for cationic metals 

Metals and cations present in solution react with BL sites (i.e., active binding 

sites located in negative charged cell membrane surface) of an organism. The overall 

process can be expressed with the conditional binding constant as follows. 

 

]}[{

][
2 




BLM

MBL
K MBL

          

(1.1) 

 

Where [MBL+] is the concentration of metal-BL complex (mol/L), {M2+} is the 

activity of free metal ion (mol/L), [BL-] is the concentration of unoccupied BL sites 
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(mol/L), and KMBL is the conditional binding constant for metal bound to BL sites 

(L/mol). The BL sites can be occupied by competing cations (e.g., Ca2+, Mg2+, K+), 

and the complexation reaction can be also expressed in Eq. 1.1. The concentration 

of the total BL sites ([TBL]) can be expressed as Eq. 1.2, and substituting Eq. 1.2 

with Eq. 1.1 yields Eq. 1.3. 

 

][][][][][][   MBLKBLMgBLCaBLBLTBL          
(1.2) 

}){}{}{}{1]([][ 222   MKKKMgKCaKBLTBL MBLKBLMgBLCaBL
 
   

(1.3) 

 

The fraction of BL sites occupied by metals (f) is proportional to the toxicity 

imposed on an organism followed by the main hypothesis of the BLM (Eq. 1.4) [14]. 

The EC50 values can be expressed as follows (Eq. 1.5). 

 

}{}{}{}{1

}{

][

][
222
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MKKKMgKCaK
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TBL

MBL
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MBLKBLMgBLCaBL
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KBLMgBLCaBLMBL

Kf

KKMgKCaKf
MEC

)1(
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%50

22%50

2

50









        
(1.5) 

 

Where EC50{M2+} is the free metal ion activity resulting in 50% toxic effect and 

fMBL
50% is the BL sites needed to be occupied by a free metal ion to cause 50% toxic 

effect. 
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Conditional binding constants of competing cations (i.e., KCaBL, KMgBL, KKBL) 

were derived from the slopes and intercepts of the linear relationships using Eq. 1.5. 

The KMBL and fMBL
50% were determined by optimizing the linear relationship between 

the logit-transformed toxic effect and the fraction of BL sites occupied by metals 

while changing KMBL values [14]. 

As presented above, the main assumption of the BLM for cationic metals is that 

positively charged free metal ions bind to the negatively charged BL sites on the cell 

membrane surface. To this regard, it was assumed that the active binding site (ABS) 

on the cell membrane, that is positively charged, can attach oxyanions in this study. 

 

1.2.2. Soil porewater toxicity as an indicator of soil toxicity 

There are two methods of bioassay for soil or sediment: the use of soil/sediment 

itself or its suspension, and the use of its elutriate [15]. The appropriate method and 

test species have to be selected based on the exposure route of contaminants to the 

target receptor. For example, in the case of absorbing nutrients through roots like 

plants, it is reasonable to use the method using elutriates. On the other hand, if there 

is a possibility for receptors to react with gut juice by ingesting soil/sediment like 

earthworms, it is reasonable to use the method using the soil/sediment itself or its 

suspension. 

Anderson et al. [16] confirmed the similarity of the survival rate of Rhepoxynius 

abronius to sediments contaminated with dichlorodiphenyldichloroethylene at 

Terminal Island (CA, USA) and the embryo development rate of Haliotis rufescens 
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to the porewater recovered from the same sediments. In addition, Hunt et al. [17] 

reported the similarity of the survival rate of Ayarnangra estuarius to sediments 

contaminated with Ni and Cr at Paradise cove (CA, USA) and the embryo 

development rate of Strongylocentrotus purpuratus to the same sediments. Although 

different species were used depending on the type of contact medium, there are high 

correlations between sediment toxicity and porewater toxicity. 
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Figure 1.1. Comparison of experimentally determined toxic effects (i.e., % 

bioluminescence inhibition) between soil and soil solution after 5-min exposure; (a) 

pristine soils freshly spiked with Cd or Pb and (b) field-aged soils contaminated with 

various heavy metals (i.e., Cd, Pb, Cu, As). Open and closed circles on the solid line 

means that the toxicity in soil and soil solution is the same. 

 

An et al. [18] observed that the strong linearity between soil suspension toxicity 

and soil solution toxicity. To test whether or not the use of soil solution instead of 

soil suspension was valid, Cd and Pb toxicity in soil solution was compared to their 
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toxicity in soil suspension [18]. The inhibition of bioluminescence was 

experimentally determined in soil and soil solution after 5-min exposure to Aliiibrio 

fischeri. For this experiment, pristine soil freshly spiked with Cd or Pb and field-

aged soil contaminated with various metals (i.e., Cd, Pb, Cu, As) were used. The 

former was considered to have easily desorbable metals and the latter as a medium 

containing strongly sorbed metals. Toxicity data from both soil samples resulted in 

strong positive linear relationships of toxic effects (i.e., bioluminescence inhibition) 

between the soil and the soil solution with the correlation coefficients of above 0.9 

(p < 0.005) (Figure 1.1). Student’s t-test results (i.e., p > 0.05 in all cases) confirmed 

no significant difference in toxic effects between the soil and the soil solution. The 

results clearly demonstrate that metal toxicity to A. fischeri only originates from the 

dissolved metal ions and, if any, the metal ions associated with particles passed 

through the 0.45-μm GHP syringe filter. It indicates that soil solution toxicity can be 

reliably used to represent the toxicity in both freshly spiked and field-aged soils. 

In the light of these facts, it is reasonable to predict soil toxicity by developing a 

toxicity prediction model (i.e., biotic ligand model) in conjunction with the chemical 

analysis data of the soil porewater (soil solution). 

 

1.2.3. In situ stabilization as a risk mitigation measure for As-contaminated soil 

Stabilization is a method to reduce mobility and bioavailability of contaminants 

by injecting a stabilizing agent into the environmental medium to change the 

contaminant into a chemically and biologically stable form [19,20]. According to 

USEPA [21], the stabilization/solidification method has been applied to about 25% 
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of the Superfund site. The stabilization method is to inject appropriate stabilizing 

agents into the soil depending on the type and site characteristics of the contaminant, 

and it can be effectively applied in areas where it is difficult to purify by active 

treatment which requires closure or excavation such as soil washing [22]. However, 

since this approach is a kind of risk mitigation measure, it does not reduce total 

contaminant concentration in soil, but blocks the exposure routes. Hence, the 

continuous monitoring including chemical extractability of contaminants and 

biological responses (ecotoxicity) of the site where the stabilization was employed 

is required. In this thesis, the chemical extractability and ecotoxicity of As-

contaminated soil before and after employing stabilization technique were tested, 

and the importance of evaluating (or predicting) ecotoxicity was emphasized. 

 

 

1.3. Research Objectives 

The primary objective of this thesis was to develop BLM for predicting site-

specific inorganic arsenate (iAs(V)) toxicity in soil porewater, because chemical 

extractability of iAs(V) in soil alone may not be sufficient to assess the ecotoxicity 

(chapter 2). To consider the effect of various environmental factors (i.e., pH, 

phosphate) that influence iAs(V) toxicity, the extended BLM was developed with 

derivation of its parameters (i.e., KXHAsO4, KXH2AsO4, KXHPO4, KXH2PO4, fmix
50%) (chapter 

3). An interspecies extrapolation of the developed BLM from A. fischeri to a higher 

terrestrial plant barley Hordeum vulgare was conducted with consideration of cell 
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membrane surface electrical potential, which significantly affects iAs(V) toxicity to 

plants, not A. fischeri (chapter 4). To simply and rapidly determine bioavailable 

(labile) iAs(V) concentrations in soil, the combined use of DGT and X-ray 

fluorescence spectrometry was proposed (chapter 5). 

 

 

Figure 1.2. Dissertation structure 
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CHAPTER 2 

Evaluation of the Effectiveness of In Situ Stabilization 

in the Field Aged Arsenic-Contaminated Soil 

: Chemical Extractability and Biological Responses 

 

 

2.1. Introduction 

In situ stabilization of soils and sediments contaminated with metals and/or 

metalloids has been proposed due to concerns about disturbance to their ecosystems 

[1-3]. The mobility of metals and metalloids in soil can be alleviated by amending 

an appropriate sorbent that makes their chemical forms more stable via sorption 

and/or precipitation, thereby decreasing bioavailability and toxicity [3]. It can be 

effectively applied in areas where it might be difficult to carry out ex situ treatment 

that requires excavation and site closure [4]. 

Arsenic (As) contamination in the vicinity of an abandoned smelter in South 

Korea has been garnering attention due to its adverse effects on humans and 

surrounding ecosystem. Nonferrous metal smelting took place from 1936 to 1989 

[5], and the As contamination of the surrounding soils has occurred through various 

sources, including arsenic trioxide (As2O3) emitted from the smelting stack, dust 

associated with ores (e.g., lead and copper ores containing arsenopyrite (FeAsS) and 
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arsenic sulfide (As2S3)), and field-disposed sludge produced from the smelting 

activity [4,5]. As concentrations in surface soils within 1.5 km from the smelting 

stack was found to frequently exceed the Korean soil regulatory levels for As (25 

mg/kg for a rice paddy field, farmland, residential area, school, or park; 50 mg/kg 

for a forest, commercial area, or recreational area) [5]. Hence, the Korean 

government purchased the area to apply soil remedial actions. Some forest lands in 

the purchased area have limitations in carrying out ex situ treatments such as soil 

washing because preserving vegetation is important given the present land use as a 

tourist site [4]. In this respect, appropriate measures, such as in situ stabilization, 

must be carried out at this site to manage human health risk and ecotoxicity. 

A variety of sorbents are reported to be capable of stabilizing As in soil [6]. 

Among them, iron (Fe) oxides such as ferrihydrite, goethite, hematite, and magnetite 

have been recognized for several decades as efficient stabilizing agents for As-

contaminated soils [7,8]. By forming the outer- and/or inner-sphere complexes 

between the positively charged surface of Fe oxides and pentavalent arsenate 

(HAsO4
2- and H2AsO4

-) in soil porewater [9,10], the amendment of Fe oxides renders 

As in soil stable. 

For in situ stabilization to be a valid risk mitigation measure, the stabilized As in 

soil should be chemically and biologically stable [1]. Since in situ stabilization does 

not physically remove As from soil, but retains it strongly bound, issues regarding 

the human health risk and ecotoxicity of the stabilized As in soil are critical. This 

study evaluated the effectiveness of in situ stabilization of the historically long-term 

As-contaminated soil in the vicinity of an abandoned smelter in South Korea by 
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means of (i) chemical extractability and the corresponding human health risk, and 

(ii) ecotoxicity to barley Hordeum vulgare as an indicator of biological responses. In 

situ stabilization was performed through the amendment of a Fe-based sorbent. To 

elucidate why chemical extractability and biological responses have changed, the X-

ray absorption spectroscopy with the aid of linear combination fitting (LCF), and the 

analysis of soil physicochemical properties were performed. 

 

 

2.2. Materials and methods 

2.2.1. In situ stabilization 

In situ stabilization at the forest near the old abandoned smelter in South Korea 

(longitude: 126°39’59.40’’, latitude: 36°00’27.46’’) was performed as follows: (i) 

pH adjustment, (ii) sorbent amendment, (iii) water spraying, and (iv) reaction for one 

week (April 3-10, 2017) (Figure 2.1). Because this site is covered with vegetation, 

and because the preservation of vegetation is important according to the land use as 

a sightseeing site, the application of ex situ treatments is limited [4]. First, the humus 

in the surface soil of a field experimental site (3 m width × 3 m length) was removed, 

and calcium oxide (CaO) was added to adjust the acidic soil pH to neutral levels (6 

to 8). Our preliminary tests showed that neutralization of soil pH was possible when 

CaO was added to the soil at a weight of 0.14%. Second, the commercially available 

Fe-based sorbent was added to the soil at a weight of 1% based on a preliminary lab-

scale test result [4]. The sorbent consists of 46.1% Fe2O3, 15.4% MgO, 14.3% CaO, 
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12.9% SO3, 8.3% SiO2, and 1.7% Al2O3, determined using X-ray fluorescence 

spectrometry (XRF) [4]. 

 

 

Figure 2.1. Procedure for application of stabilizing agents in As-contaminated soil 

at the forest area near an abandoned smelter site 

 

The sorbent includes various Fe minerals, such as crystalline hematite, FeSO4, 

Fe2(SO4)3, and zero valent iron (ZVI), and dolomite (CaMg(CO3)2) [4]. A 

leachability test using a synthetic precipitation leaching procedure (SPLP) showed 

that As, Cd, Cr6+, CN, Hg, Pb, organo-phosphorus, phenol, trichloroethylene, 

tetrachloroethylene, 1,1,1-Trichloroethane, benzene, toluene, ethylbenzene, and 

xylenes were not eluted above the limit of detection from the sorbent [4]. Third, 
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water was sprayed to adjust soil water content to field capacity (water corresponding 

to 33.4% of soil weight), and the surface soil was homogenized using a tractor. 

Finally, the soil was covered with vinyl so that rainwater would not enter, and the 

reaction proceeded for one week. Soil samples before and after in situ stabilization 

were collected from each 1 m width × 1 m length of the experimental site, and were 

mixed to attain homogeneity for future analysis. Each soil sample was air-dried and 

passed through a 2-mm sieve to remove debris and gravel, and stored at room 

temperature in dark condition. 

 

2.2.2. Chemical extractability and human health risk characterization 

2.2.2.1. Total As concentration in soil 

The aqua regia digestion method was used to determine total As concentration 

in soil [11]. Three grams of soil passed through a 150-μm sieve after grinding (Gyral 

grinder, Chemplex, Stuart, FL, USA) were added to 21 mL HCl and 7 mL HNO3 in 

a 100-mL Teflon vessel, then reacted for 2 h at 105°C using a heating block. The 

supernatant was filtered through a 0.45-μm GHP syringe filter (Pall Corporation, 

Port Washington, NY, USA) for As analysis. The As concentrations in the digested 

solutions were determined using inductively coupled plasma optical emission 

spectrometer (ICP-OES, iCAP7000 Series, Thermo Scientific, USA). 

 

2.2.2.2. Bioaccessible As concentration in soil 

The solubility bioavailability research consortium (SBRC) method was used to 
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calculate the in vitro bioaccessibility (IVBA) [12]. Briefly, 100 mL of 0.4 M glycine 

with pH 1.5 adjusted using concentrated HCl and 1 g of soil passed through a 150-

μm sieve was reacted for 1 h in a 125-mL HDPE bottle at 37°C using a water bath. 

Then, the supernatant was filtered through a 0.45-μm GHP filter for As analysis. The 

As concentration in the extracted solution was determined using the ICP-OES. 

 

2.2.2.3. Human health risk characterization through oral ingestion 

According to Korean Soil Contaminant Risk Assessment Guidance [13], the 

human health risk of As through oral ingestion was determined assuming that the 

study site was used for residential purposes [5]. The average daily dose calculated 

using Eq. 2.1 was multiplied by slope factor to estimate the carcinogenic risk of As 

(Eq. 2.2) and divided by the reference dose to estimate the noncarcinogenic risk of 

As (Eq. 2.3): 

 

ATBW

CFEDEFIRIVBAC
ADD S




          

(2.1) 

oralSFADDCR               
(2.2) 

oralRfD

ADD
HQ              

(2.3) 

 

where ADD is the average daily dose (mg/kg-day), Cs is the total concentration of 

As in soil through aqua regia digestion (mg/kg), IVBA is the in vitro bioaccessibility 
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(i.e., SBRC-extractable As concentration in soil divided by total As concentration in 

soil), IR is the ingestion rate of soil (50 mg/day for adults, 118 mg/day for children), 

EF is the exposure frequency (350 days/year for both adults and children), ED is the 

exposure duration (25 years for adults and 6 years for children), CF is a unit 

conversion factor (106 kg/mg), BW is the body weight (62.8 kg for adults and 16.8 

kg for children), AT is the averaging time (carcinogen: 28,689 days for both adults 

and children, noncarcinogen: 9,125 days for adults and 2,190 days for children), CR 

is the carcinogenic risk, SForal is the oral slope factor (1.5 kg-day/mg), HQ is the 

noncarcinogenic risk (hazard quotient; HQ), and RfDoral is the oral reference dose 

(3.0 × 104 mg/kg-day) [5]. 

 

2.2.2.4. Five step sequential extraction 

A sequential extraction proposed by Wenzel et al. [14] was used to investigate 

chemical forms of As in soil after in situ stabilization. The sequential extraction 

method differentiates chemical forms of As in soil into five fractions as follows: (i) 

F1: nonspecifically bound As ((NH4)2SO4 extractable), (ii) F2: specifically bound As 

((NH4)H2PO4 extractable), (iii) F3: amorphous iron oxides bound As (NH4-oxlatate 

extractable), (iv) F4: crystalline iron oxides bound As (NH4-oxalate/ascorbic acid 

extractable), and (v) F5: residual As. In the present study, F5 was determined using 

the USEPA 3052 method [15]. The As concentrations in the extracted solutions were 

determined using ICP-OES after performing the filtration using a 0.45-μm GHP filter. 
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2.2.3. Ecotoxicity test with H. vulgare as an indicator of biological responses 

The growth of barley (H. vulgare), measured via germination rate, root 

elongation, and shoot elongation was assessed to compare the ecotoxicity in soil 

before and after in situ stabilization. Seeds were sterilized with a 5% NaOCl solution 

(Daejung, Korea) for 10 min, rinsed three times with deionized (DI) water, then 

exposed on a wet cotton surface for 3 h [16]. Then, five seeds were placed in each 

soil sample (50 g) within a 100-mL polyethylene vial. Water was added to reach the 

field capacity of the soil (water corresponding to 33.4% of soil dry weight). Each 

vial was incubated under constant conditions (20°C in a 16:8 light:dark photoperiod) 

using a growth chamber (E15, Conviron, Canada). The germination rate and root and 

shoot elongations were measured after 5 d. 

 

2.2.4. X-ray absorption spectroscopy 

To assess Fe oxide distribution in soil after in situ stabilization (i.e., to understand 

the form of the amended sorbent in soil), Fe K-edge X-ray absorption near edge 

structure (XANES) spectra obtained from the beamline 7D at the Pohang Accelerator 

Laboratory (PAL) in South Korea were used with the aid of LCF. The spectra were 

produced in transmittance mode using Fe foil as a reference. The ATHENA program 

was used to process raw spectra (i.e., spectral averaging, normalization of edge-step, 

and background removal) [17]. For LCF analysis, edge-normalized spectra of 

ferrihydrite ((Fe3+)2O3·0.5H2O), hematite (α-Fe2O3), goethite (α-FeOOH), 

schwertmannite (Fe8O8(OH)6(SO4)·nH2O), and wustite (FeO) were used as predictor 

components. The goodness of fitness was evaluated using R-factor and reduced χ2 
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[18]. The R-factor and the reduced χ2 are the sum of the squares of the difference 

between the fit and the data and the fitting metric divided by the number of degrees 

of freedom, respectively [18]. Distribution of Fe oxides in the soil can be 

qualitatively and quantitatively assessed through a combination of predictors that 

make both the R-factor and the reduced χ2 the smallest. To confirm the valence of 

As in soil, As K-edge XANES spectra collected from the beamline 7D at the PAL 

using the fluorescence mode with Na2HAsO4 as a reference were used. 

 

2.2.5. Soil physicochemical properties 

Soil pH, texture, cation exchange capacity (CEC), organic matter (OM) content, 

Fe/Al/Mn oxides concentrations, available phosphorus (P2O5) concentration, and 

exchangeable cation (Ca2+, Mg2+, K+, and Na+) concentrations were assessed [19-24] 

to investigate the effect of in situ stabilization on the soil physicochemical properties. 

In addition, the content of major constituents in the soil was determined using XRF. 

Crystalline minerals in the soil were identified using an X-ray diffractometer (XRD) 

with Cu-Kα radiation operated at 40 kV and 40 mA, and the scanning range was 

between 5 and 90°. 
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2.3. Results and discussion 

2.3.1. Chemical extractability and human health risk 

Total As concentrations in the original and stabilized soils were 142 and 152 ± 9 

mg/kg, respectively (Table 2.1). Since stabilization process is a kind of risk reduction, 

not concentration reduction, it is noteworthy that SBRC-extractable As 

concentrations slightly decreased after in situ stabilization. Since the adsorbed As in 

the Fe-based sorbent is resistant to SBRC extraction, the SBRC-extractable As 

concentration decreased from 16.0 to 13.0 ± 0.2 mg/kg (Table 2.1). 

 

Table 2.1. Total As concentration in soil determined using aqua regia digestion 

method and the SBRC-extractable As concentration in soil, and carcinogenic risk 

and noncarcinogenic risk through oral ingestion after in situ stabilization 

In situ 

stabilization 

Total As 

concentration 

(mg/kg) 

SBRC-

extractable As 

concentration 

(mg/kg) 

Carcinogenic 

risk (CR)a 

Noncarcinogenic 

risk (HQ)a 

Before 142 16.0 1.21E-05 0.352 

After 152 ± 9 13.0 ± 0.2 1.02E-05 0.296 

aAll risks calculated in Table 2.1 are values for children because they are higher than 

those for adults (thus, a more conservative assessment). 

 

Yang et al. [25] observed that the SBRC-extractable As concentration decreased 

when magnetite was amended in soil samples, similar to the results of this study. The 
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SBRC-extractable As is more likely to be bioavailable and pose potential risk, and 

thus often be used for in vitro bioaccessibility (IVBA) calculation. Human health 

risks through oral ingestion after in situ stabilization in As-contaminated soil are 

estimated with considering IVBA. The carcinogenic risk (CR) and noncarcinogenic 

risk (HQ) after in situ stabilization decreased from 1.21E-05 to 1.02E-05 and 0.352 

to 0.296, respectively (Table 2.1). 
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Figure 2.2. Chemical forms of As determined by Wenzel’s sequential extraction 

method after in situ stabilization. Soil-bound As was divided into five fractions, as 

follows: F1 (nonspecifically bound As), F2 (specifically bound As), F3 (As 

associated with amorphous Fe/Al oxides), F4 (As associated with crystalline Fe/Al 

oxides), and F5 (residual As). Error bars indicate the standard deviation (n = 3). 

 

Chemical forms of As in soil determined using the five step sequential extraction 

by Wenzel [14] after in situ stabilization are shown in Figure 2.2. Nonspecifically 

bound As in soil (F1) dramatically decreased from 0.76 to 0.15 ± 0.05 mg/kg, while 
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other fractions did not noticeably change (Figure 2.2). This portion of As in soil can 

readily migrate to soil porewater and therefore appears to be bioavailable, and it 

freely transfers from soil to plants. 

 

Figure 2.3. Fe K-edge XANES spectra (solid lines) of ferrihydrite, hematite, 

goethite, schwertmannite, wustite, original soil, and stabilized soil and linear 

combination fitting (LCF) results (open circles) of the original soil and the stabilized 

soil (a). The goodness of fit was 0.0015 for R-factor and 0.0003 for reduced χ2 in the 

original soil and 0.0005 for R-factor and 0.0001 for reduced χ2 in the stabilized soil, 

respectively. The stacked column graph shows the proportion of model compounds 

(five different Fe oxides) for the sample spectrum (b). 
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To assess the possible stabilization mechanism of As, Fe K-edge XANES spectra 

of soils before and after in situ stabilization were compared with the XANES spectra 

of several Fe minerals (i.e., ferrihydrite, hematite, goethite, schwertmannite, and 

wustite). The LCF of XANES spectra for Fe minerals was able to efficiently estimate 

the XANES spectrum of the soil (Figure 2.3a), and the proportion of Fe minerals 

consisting of Fe in the soil is shown in Figure 2.3b. The goodness of fitness is 

described by an R-factor of 0.0015 and a reduced χ2 of 0.0003 in the original soil, 

and 0.0005 and 0.0001 in the stabilized soil, respectively. The original soil mainly 

consisted of goethite (80%) and hematite (20%), and the stabilized soil consisted of 

goethite (54.3%), hematite (45.5%), and wustite (0.2%) (Figure 2.3b). The LCF 

result indicates that some of the goethite in the original soil and Fe minerals in the 

sorbent (i.e., FeSO4, Fe2(SO4)3, and ZVI) were converted to hematite. In previous 

studies, Murray et al. [26] reported that the transformation of goethite into hematite 

can be accelerated at higher caustic concentrations or temperatures. Das et al. [27] 

observed that two-line ferrihydrite converts to hematite through a two-phase 

crystalline process with intermediate goethite. Cudennec and Lecerf [28] confirmed 

that the formation of hematite from ferrihydrite is favored at neutral pH (values 

around 7) while obtaining goethite is favored at low and high values of pH (2 to 5 

and 10 to 14). Overall, the change in pH from acidic to neutral under oxic conditions, 

the formation of hematite in the soil can be facilitated. Maximum adsorption 

capacities of hematite for iAs(V) and iAs(III) are higher than goethite [8]. It is 

reasonable to describe that the formation of hematite in the stabilized soil could occur 

because the soil pH increased from 4.6 to 6.9 (Table 2.2) after the neutralization for 

in situ stabilization in this study, and the hematite newly formed might adsorb As in 
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the soil. 

 

Figure 2.4. As K-edge XANES spectra of (a) inorganic pentavalent arsenate (iAs(V)) 

model compound, (b) inorganic trivalent arsenite (iAs(III)) model compound, (c) 

original soil (i.e., As-contaminated soil), and (d) stabilized soil (i.e., As-

contaminated soil after in situ stabilization). The peaks of iAs(V), the original soil, 

and the stabilized soil appeared at 11875.2 eV, while the peak of iAs(III) appeared 

at 11871.6 eV. 

 

Interestingly, Fe oxide concentrations measured using the dithionite-citrate 

system buffered with sodium bicarbonate (DCB) method [23] decreased from 20,777 

to 18,462 mg/kg, although total Fe content determined using XRF increased (Table 

2.2). The fact that the DCB method does not always result in a complete dissolution 

of Fe oxides has been shown [29,30]. Ryan and Gschwend [30] observed that 

hematite was dissolved to 62% after DCB treatment, while 87% of the goethite was 

dissolved. The decrease of Fe oxide content determined by the DCB method supports 

the fact that hematite was formed in the stabilized soil. 
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The oxidation state of As in soil was determined using As K-edge XANES 

analysis. The XANES spectra of NaAsO2 and Na2HAsO4 dissolved in DI water were 

used as references for trivalent inorganic arsenite (iAs(III)) and pentavalent 

inorganic arsenate (iAs(V)), respectively. The XANES spectra of the original and 

the stabilized soils showed an absorption edge energy at 11,875.2 eV, while those of 

iAs(III) and iAs(V) were observed at 11,871.6 and 11,875.2 eV (Figure 2.4). In 

general, the oxidation of ZVI and Fe(II) (i.e., components of the sorbent) to Fe(III) 

can proceed the reduction of iAs(V) to iAs(III), thereby forming arsenopyrite (FeAsS) 

[31]. However, the fact that the oxidation state of As in soil was +5 regardless of 

whether or not the Fe-based sorbent was amended in the soil demonstrates the 

formation of arsenopyrite does not occur. 

As a consequence, the hematite newly transformed from goethite in soil and from 

FeSO4, Fe2(SO4)3, and ZVI in the Fe-based sorbent seems to adsorb labile As present 

in soil, thereby lowering the SBRC-extractable As concentration and nonspecifically 

bound As in five step sequential extraction. 

 

2.3.2. Biological responses 

The shoot elongation of H. vulgare was significantly lower in the stabilized soil 

than in the original soil (Figure 2.5). Although the germination rate and root 

elongation of H. vulgare also decreased, these changes were not statistically 

significant (p > 0.05). The lower growth of H. vulgare in the stabilized soil than in 

the original soil cannot be explained by the decrease of the nonspecifically bound As 

concentration in soil, suggesting that other factors may exhibit a stronger relationship 
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with ecotoxicological responses [32,33]. 
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Figure 2.5. Effect of in situ stabilization on (a) seed germination of barley (H. 

vulgare), (b) root elongation, and (c) shoot elongation. Error bars represent the 

standard deviation. The asterisk indicates a significant difference (p < 0.05) between 

two groups from a Student’s t-test. 

 

It is noteworthy that the available phosphorus concentration in the soil 

significantly decreased from 60.2 to 13.8 mg/kg (Table 2.2), both of which are lower 

than the recommended available phosphorus concentration range for agricultural 

soils in South Korea of 80 to 550 mg/kg [34]. Phosphorus deficiency (a.k.a. 

starvation) can impose an oxidative stress in root cells [35]. Hence, the adsorption 

of available phosphorus to positively charged Fe oxides newly formed in the 

stabilized soil (e.g, hematite) seems to be one of the reasons for the lowered growth 

of H. vulgare. In addition, following Lamb et al. [36] and Wang et al. [37], iAs(V) 

toxicity can be alleviated by the presence of phosphate through a competition effect. 

This phenomenon originates from the similarity of chemical structures between 
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phosphate and arsenate, and modes of toxic action of iAs(V) can be inhibited by 

phosphate, and this similarity is often used to extract As from soil [38]. 

 

Table 2.2. Soil physicochemical properties after in situ stabilization 

Soil physicochemical property 
In situ stabilization (sorbent amendment) 

Before After 

pH 4.6 6.9 

Organic matter (%) 8.5 4.9 

Cation exchange capacity (cmol/kg) 23.6 24.3 

Texture (%) Sand 40.4 34.1 

Silt 29.7 36.3 

Clay 29.9 29.6 

Classification Clay loam Clay loam 

Major constituents (%)a SiO2 42.2 40.7 

Al2O3 17.3 16.2 

Fe2O3 6.8 8.3 

K2O 1.7 1.7 

MgO 0.83 0.82 

TiO2 0.82 0.84 

Na2O 0.34 0.33 

CaO 0.31 1.2 

SO3 0.19 0.39 

P2O5 0.18 0.16 

MnO 0.07 0.06 

PbO 0.06 0.06 

As2O3 0.02 0.02 

Oxide content (mg/kg)b Fe oxides 20777 18462 

Al oxides 1156 1485 



 

31 

Mn oxides 158 171 

Exchangeable cations 

(mg/kg) 

Ca2+ 593 3142 

Mg2+ 95.0 84.1 

K+ 95.4 86.6 

Na+ 11.2 12.6 

Available phosphorus (P2O5) (mg/kg) 60.2 13.8 

Crystalline compoundsc,d Quartz 

(67.9%) 

Muscovite 

(18.4%) 

Albite (9.0%) 

Kaolinite 

(4.1%) 

Quartz (65.7%) 

Muscovite (12.9%) 

Albite (17.4%) 

Kaolinite (3.6%) 

aThe content of major constituents was determined using XRF. 

bContents of Fe/Al/Mn oxides were measured using the DCB method. 

cCrystalline compounds were determined using XRD and the values in parentheses 

refers to the semi-quantitative analysis values obtained from the XRD analysis, 

which means the relative proportion of the crystalline compounds. 

dQuartz = SiO2, Muscovite = K(Al0.876Fe0.124)2Fe0.067(Si1.64Al0.36)2O10((OH)0.914F0.086)2, 

Albite = Na0.98Ca0.02Al1.02Si2.98O8, and Kaolinite = Al2Si2O5(OH)4 

 

Exchangeable Ca2+ concentrations in soil after in situ stabilization significantly 

increased, from 593 to 3,142 mg/kg (Table 2.2), owing to the addition of CaO for 

adjusting soil pH. This is likely to affect the increase in iAs(V) toxicity to H. vulgare 

through a change in membrane potential. Wang et al. [39] observed that a significant 

increase of iAs(V) toxicity to wheat (Triticum aestivum) as increased Ca2+ activity 

in bulk solution. This can be attributed to the fact that an increase in Ca2+ activity 

from 0.2 to 2.5 mM in bulk solution increases the membrane surface potential from 

-40 to -20 mV, resulting in a higher accumulation of H2AsO4
- and HAsO4

2- onto the 

cell membrane surface of T. aestivum and an increase in toxicity [39]. Because barley 
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is a salt-tolerant plant, osmotic stress from an increase in exchangeable Ca2+ is not 

likely to occur (threshold electrical conductivity of barley = 8 dS/m) [40]. 

 

 

2.4. Summary 

In situ stabilization as a risk mitigation measure was performed in historically 

long-term As-contaminated soil in the vicinity of an abandoned smelter via the 

amendment with the Fe-based sorbent. The effectiveness of in situ stabilization was 

assessed by means of chemical extractability and biological responses. Chemical 

extractability of As in soil determined using SBRC extraction slightly decreased, 

thereby lowering the human health risk through oral ingestion. Nonspecifically 

bound As in soil determined using five step sequential extraction also significantly 

decreased. These might be due to a formation of hematite that can adsorb As in soil 

according to the amendment of the Fe-based sorbent with CaO for the neutralization. 

The shoot growth of H. vulgare significantly decreased, probably due to an increase 

in exchangeable Ca2+, resulting in an accumulation of iAs(V) in the membrane 

surface of H. vulgare, and a decrease in available phosphorus, resulting in a decrease 

in competition between iAs(V) and phosphate, as well as phosphorus starvation. 

Overall, to ensure the effectiveness of in situ stabilization, chemical extractability as 

well as biological responses (ecotoxicity) should be continuously monitored, as 

chemical analysis alone is insufficient to assess the ecotoxicological responses of As 

in soil, as presented in this study. 
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CHAPTER 3 

Extension of Biotic Ligand Model to Account for  

the Effects of pH and Phosphate in  

Accurate Prediction of Arsenate Toxicity 

 

 

3.1. Introduction 

Arsenic (As), a highly toxic metalloid, is found throughout the aquatic and 

terrestrial environments [1,2]. It originates from both natural sources including the 

weathering and/or dissolution of As-bearing minerals such as arsenopyrite (FeAsS) 

and orpiment (As2S3) [3] and anthropogenic sources such as mining activity, 

pesticides, and wood preservatives [4-6]. It also can exist in both inorganic and 

organic forms in four oxidation states (i.e., +V, +III, 0, and –III) [7,8]. Among them, 

pentavalent inorganic arsenate (iAs(V)) is the most stable and predominates in the 

oxidizing environmental conditions. 

Evidence collected in the past decades showed that the total concentration of 

metals or metalloids is not a good indicator of ecotoxicity [9-12]. Several 

environmental factors in aquatic and terrestrial systems, such as pH, major cations 

and anions, and dissolved organic matter can significantly affect the bioavailability 

and toxicity of metals and metalloids [11,13-22]. As such, when toxicity prediction 



 

39 

models are employed, those components should be considered to determine the site-

specific toxicity of metals and metalloids. 

Biotic ligand model (BLM), a semi-mathematical and equilibrium model, has 

been proposed for the prediction of the toxicity of cationic metals by using site-

specific water characteristics [9,10,23,24]. Once established, the model has a great 

advantage because it does not require site-specific toxicity assay. Instead, chemical 

analysis data of the site of interest is only needed. BLM assumes that the free metal 

ions in the body of water bind to the active binding sites (i.e., biotic ligand, BL) of 

an organism and that the fraction of BL occupied by free metal ions (f) can be directly 

attributed to the toxic effect [23,24]. Furthermore, major cations such as Ca2+, Mg2+, 

and H+ compete with free metal ions for the available BL sites, which change the f 

value. Even if the free metal ion concentrations (or activities) are the same, such 

competition diminishes the toxic effect of cationic metals [21,24,25]. This BLM 

approach has been successfully applied to predict the toxicity of Cd, Cu, Ni, Pb, and 

Zn [21,24,26,27]. 

Despite the extensive previous studies for cationic metals, application of the 

BLM approach to predict iAs(V) toxicity is very few. Rubinos et al. [11] and Wang 

et al. [28] investigated the effect of phosphate on iAs(V) toxicity, which presumably 

caused by the structural similarity between the two species, but the subsequent model 

development incorporating phosphate has not been reported. Although Chen et al. 

[29] and Tsai et al. [30] proposed the combination of BLM and damage assessment 

model to predict chronic iAs(V) toxicity to tilapia, the concept of BLM for cationic 

metals was used without modification (i.e., use of the binding affinity between major 
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cations and BL: KMgBL, KCaBL, KHBL, and KNaBL). Hence, the competition of major 

anions including phosphate to active binding sites on the cell membrane of organism 

with iAs(V), which are present as oxyanions (HAsO4
2-, H2AsO4

-) in natural water 

systems, cannot reflect at all. Currently, the lack of BLM parameters for the 

competing ions is the biggest obstacles to apply the BLM approach to predict iAs(V) 

toxicity. 

In this study, the effect of environmental factors including pH, major cations 

(Ca2+, Mg2+, and K+), and major anions (HPO4
2-/H2PO4

-, SO4
2-, NO3

-, and HCO3
-) on 

the toxicity of iAs(V), one of the most abundant As species in natural water systems, 

to the bioluminescence bacterium Aliivibrio fischeri was systematically investigated. 

A toxicity prediction model for iAs(V) was developed by reconstructing the existing 

BLM with incorporating the effects of pH and phosphate. Specifically, the 

parameters for a predictive model of iAs(V) toxicity (i.e., KXHAsO4, KXH2AsO4, KXHPO4, 

KXH2PO4, fmix
50%) were determined. 

 

 

3.2. Materials and methods 

3.2.1. Toxicity test 

The toxicity of iAs(V) was assessed by using a bioluminescent bacterium, which 

was recently renamed from Vibrio fischeri to A. fischeri [31]. The light production 

from A. fischeri was detected by using a Microtox®  500 analyzer (SDI, Carlsbad, 

CA) and diminishes in the presence of toxic substances. The toxicity of iAs(V) (i.e., 
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the bioluminescence inhibition) after exposure to a given concentration of 

contaminant for 5 min was calculated from Eq. 3.1. 

 

100)1(
0


t

t

CI

I
R

           
(3.1) 

 

where R is the bioluminescence inhibition (toxic effect) in A. fischeri, Ct is the 

correction factor obtained when the light intensity of the control remaining after 5 

min is divided by the initial light intensity of the control, It is the light intensity of 

the test sample after 5 min, and Io is the initial light intensity of the sample [32]. 

   The changes in the bioluminescence inhibition in response to changes in iAs(V) 

concentrations or activities were fitted by sigmoidal dose-response curves to 

calculate EC50 values (i.e., the iAs(V) concentration or activity that resulted in 50% 

inhibition of the light production from A. fischeri) [21,33]. 

 

3.2.2. Reagents and sample preparation 

All reagents used in this study were of analytical grade. Deionized (DI) water, 

with a resistance of 18.2 MΩ cm (Milli-Q, Millipore, Bedford, MA), was used 

throughout. A stock solution of iAs(V) (0.1 M) was prepared by dissolving 

Na2HAsO4·7H2O (98.0%–102%, Sigma-Aldrich) in DI water and stored in the dark 

at 4 °C. To adjust the pH of the tested solution, 2-[N-morpholino] ethane sulfonic 
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acid (MES, Sigma), 3-[N-morpholino] propanesulfonic acid (MOPS, > 99.5%, 

Sigma), and tris[hydroxymethyl] aminomethane (Tris, > 99.8%, Sigma-Aldrich) 

buffering solutions were used. To assess the effect of major cations or anions on 

iAs(V) toxicity, CaCl2·2H2O (> 98%), MgCl2·6H2O (> 98%), KCl (> 99%), 

Na2HPO4 (> 98%), NaHCO3 (99.0%–100.5%), Na2SO4 (> 99%), and NaNO3 (> 

99%), all purchased from Daejung (Korea), were used. The HA (Elliott soil humic 

acid standard IV) was purchased from International Humic Substances Society 

(IHSS). The elemental composition of HA was follows: 59.5% carbon, 3.2% 

hydrogen, 32.2% oxygen, 3.9% nitrogen, 0.47% sulfur, and 0.44% ash [46]. 

 

3.2.3. Effect of pH on iAs(V) toxicity 

In order to investigate the effect of pH on iAs(V) toxicity, toxicity assays were 

conducted in different pH solutions (5, 6, 6.5, 7, 7,5, 8, 8.5, and 9). Each test used 

the Extended (9 dilution) Test Method [32]. The concentrations of iAs(V) in solution 

of test medium (i.e., the concentration in direct contact with A. fischeri) were in the 

range from 5 μM to 50 mM. The pH values were controlled at 5–6, 6.5–8, and 8.5–

9 by using buffering solutions of 2 mM MES, 3.6 mM MOPS, and 2 mM Tris, 

respectively, by the addition of 1 M NaOH or 1 M HCl. 

 

3.2.4. Effect of major cations and anions on iAs(V) toxicity 

The individual effects of the major cations (Ca2+, Mg2+, and K+) and anions 

(HPO4
2-/H2PO4

-, SO4
2-, NO3

-, and HCO3
-) on iAs(V) toxicity were investigated at pH 



 

43 

7 in 3.6 mM MOPS buffer. The toxicity assays for iAs(V) included seven 

experimental sets: PO4-set, SO4-set, NO3-set, HCO3-set, Ca-set, Mg-set, and K-set. 

Each set consisted of a series of solutions with five different concentrations of major 

cations (0, 0.25, 1.3, 5, and 25 mM) and four different concentrations of major anions 

(i.e., 0, 0.25, 1.3, and 5 mM). Each test was conducted by the Extended (9 dilution) 

Test Method [32] with some modifications, to maintain the same concentration of 

major cations and anions in the tested solutions during the serial dilution procedure. 

The concentrations of iAs(V) in each test medium (i.e., in direct contact with A. 

fischeri) was in the range from 0.02 to 6.3 mM, except for the 25 mM PO4-set, in 

which the range was from 0.1 to 25 mM. Analysis of variance (ANOVA) was 

performed by using Microsoft Excel 2010 Analysis ToolPak to evaluate whether the 

competition from the major cations and anions significantly influenced iAs(V) 

toxicity. 

 

3.2.5. Derivation of iAs(V) toxicity prediction model parameters 

The parameters of the toxicity prediction model for iAs(V) were derived from 

iAs(V) toxicity data obtained at pH 5 and 9 and the reconstruction of the original 

BLM approach. A detailed mathematical description of the developed model is 

shown in section 3.3.4. To derive the model parameters (KXHAsO4, KXH2AsO4, KXHPO4, 

KXH2PO4, and fmix
50%), iAs(V) toxicity tests were conducted with different phosphate 

concentrations (0, 0.25, 1.3, 5, and 25 mM) at pH 5 (2 mM MES buffer) and pH 9 

(2 mM Tris buffer). At the respective phosphate concentrations, the calculated 
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H2PO4
- activities were 0, 0.14, 0.68, 2.71, and 13.6 mM and the HPO4

2- activities 

were 0, 0.03, 0.16, 0.65, and 3.1 mM. 

 

3.2.6. Chemical analysis 

The concentrations of major cations and iAs(V) were determined by using 

inductively coupled plasma atomic emission spectrometry (ICAP 7400 DUO, 

Thermo Scientific, Waltham, MA). The concentrations of the major anions were 

determined by using ion chromatography (DX500, Dionex, Sunnyvale, CA). In order 

to confirm whether a complex was formed between iAs(V) and the major cations 

(e.g., calcium arsenate), high performance liquid chromatography (HPLC) linked to 

inductively coupled plasma mass spectrometry (ICP-MS, Agilent 7700s, Agilent 

Technologies, Japan) was used. The separation of iAs(V) was achieved by using a 

Hamilton PRP X-100 anion exchange column with the eluent consisting of 2 mM 

NaH2PO4 and 0.2 mM EDTA (pH 6) [34]. Visual MINTEQ 3.1 [35] was used to 

calculate the activities of iAs(V) (H2AsO4
- and HAsO4

2-) and the major 

cations/anions in the tested solution. Temperature, pH, ion concentrations, and the 

partial pressure of CO2 (i.e., PCO2 = 0.00038 atm) were used as the input data. 

Because each sample used in this study included 2% NaCl to control the osmotic 

pressure to A. fischeri, all speciation calculations included the corresponding Na+ 

and Cl- concentrations of 0.342 M. 
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3.3. Results and discussion 

3.3.1. pH dependency of iAs(V) toxicity 

The data in Figure 3.1 clearly show that pH increase results in enhanced toxicity 

of iAs(V). 
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Figure 3.1. The measured EC50 values expressed as total iAs(V) concentration 

(EC50[As]T) (left y-axis; log scale) and the proportion of As species in solution (right 

y-axis) as a function of pH. Vertical bars represent the EC50[As]T. The error bars 

indicate the standard deviations (n = 3). The proportion of As species was computed 

by using Visual MINTEQ 3.1. 

 

The EC50[As]T value (the EC50 expressed as total dissolved concentration of iAs(V)) 

decreased from 3554 ± 393 μM to 39 ± 6 μM as the pH increased from 5 to 9. Taken 

the possible forms of iAs(V) depending on pKa values into consideration (pKa1 = 

2.26, pKa2 = 6.76, and pKa3 = 11.29), H2AsO4
- form mainly existed at pH 5 and, as 

pH increased deprotonation proceeded and essentially all were present as HAsO4
2- 
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form at pH 9. Fulladosa et al. [36] observed that the pH itself did not affect the 

calculated EC50 values of the standard chemical phenol, which showed that no 

toxicity resulted from the changes in the experimental pH (5 to 9). 

For iAs(V) to express toxicity, it should be introduced into the cell interior, and 

inorganic phosphate (Pi) transporters, which is a cell membrane-embedded system, 

are known to be involved [11,37-39]. Indeed, the type II (NaPi-IIa, NaPi-IIb, and 

NaPi-IIc) and type III (PiT1 and PiT2) families of sodium-dependent phosphate 

cotransporters are reported, and they exhibit preference for phosphate forms: Type 

II family shows a greater specificity to monohydrogen phosphate (HPO4
2-) and type 

III family has a preference for dihydrogen phosphate (H2PO4
-) [40]. For this reason, 

iAs(V) toxicity differs depending on pH although it has the same atomic valence of 

+5 (iAs(V)). Consequently, it is essential to develop a BLM that can reflect pH-

dependency of iAs(V). Our results showed that such difference varies up to 91 times 

between pH 5 and 9 (Figure 3.1). 

 

3.3.2. Effect of cations on iAs(V) toxicity 

When the activities of Ca2+, Mg2+, and K+ increased, no significant differences 

in the EC50 values expressed as HAsO4
2- activities (i.e., EC50{HAsO4

2-}) were 

shown by ANOVA (i.e., p > 0.1 in all cases) (Figure 3.2). Although the Ca2+ activity 

increased from 0 to 5.84 mM, the EC50{HAsO4
2-} values varied from 31.2 to 47.0 

μM (mean = 38.7 μM) with no statistically significant difference (Figure 3.2a). Mg2+ 

also showed the same tendency as Ca2+, and K+ also did not affect the iAs(V) toxicity 

even though it had a charge of +1 (Figure 3.2b-c). 
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We previously found [21] that Ca2+ and Mg2+ alleviated the toxicity of Cd2+ and 

Pb2+ to A. fischeri, due to the competitive effect among the cationic heavy metals for 

available BL sites. In contrast, iAs(V) is present as an anionic form in water and thus 

no competition was observed. Actually, the complexation between cations and iAs(V) 

was not observed by HPLC-ICP-MS analysis in this study (data not shown). 

{Ca
2+

} (mM)

0 1 2 3 4 5 6

E
C

5
0
{H

A
s
O

4

2
- } 

(
M

)

0

20

40

60

80

100
p > 0.1(a)

{Mg
2+

} (mM)

0 1 2 3 4 5 6

E
C

5
0
{H

A
s
O

4

2
- } 

(
M

)

0

20

40

60

80

100

{K
+
} (mM)

0 5 10 15 20

E
C

5
0
{H

A
s
O

4

2
- } 

(
M

)

0

20

40

60

80

100
(b) (c)p > 0.1 p > 0.1

 

Figure 3.2. The effects of increased activities of major cations on EC50{HAsO4
2-} 

obtained from the toxicity data conducted at pH 7: (a) Ca2+ set, (b) Mg2+ set, and (c) 

K+ set. The error bars indicate the standard deviations (n = 3). No statistical 

significance between any sets was determined by analysis of variance (ANOVA). 

 

3.3.3. Effect of anions on iAs(V) toxicity 

Since iAs(V) is present as an anionic form in water, it is reasonable to assume 

that other anions such as phosphate (HPO4
2- and H2PO4

-), sulfate (SO4
2-), nitrate 

(NO3
-), and bicarbonate (HCO3

-), if present simultaneously, can compete with iAs(V) 

and thus influence on the toxicity of iAs(V). The results show that EC50{HAsO4
2-} 

values significantly increased (ANOVA result: p < 0.05) from 31 ± 6 μM to 859 ± 

128 μM as HPO4
2- activity increased from 0 to 0.44 mM, yielding a strong linear 

correlation (Figure 3.3a). In contrast, the other anions did not seem to exhibit 
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competitive effect on active binding sites of A. fischeri because the simultaneous 

presence of SO4
2-, NO3

-, and HCO3
- with HAsO4

2- did not cause statistically 

significant changes in EC50{HAsO4
2-} values (Figure 3.3b-d). 
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Figure 3.3. The effects of increased activities of major anions on EC50{HAsO4
2-} 

obtained from toxicity data conducted at pH 7: (a) HPO4
2- set, (b) SO4

2- set, (c) NO3
- 

set, and (d) HCO3
- set. The error bars indicate the standard deviations (n = 3). The 

solid lines indicate the linear regression curves (i.e., ANOVA result: p < 0.01). 

 

Our results suggest that not only the valence but also the chemical structure may 

play a key role in competition for active binding sites. The similarity in chemical 

structure between HAsO4
2- or H2AsO4

- and HPO4
2- or H2PO4

- is well known, and this 

structural similarity is often used to extract As from soil with phosphate [42,43]. 
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3.3.4. Development of extended BLM for prediction of iAs(V) toxicity 

As previously noted, the existing BLM was modified to reflect changes in the 

iAs(V) toxicity by pH and phosphate concentration (or activity). One of the main 

assumptions of the BLM for cationic metals such as Cd, Cu, Ni, Pb, and Zn 

[21,24,26,27] is that positively charged free metal ions bind to the negatively charged 

BL sites on the cell membrane surface, and it has been revised to have a positively 

charged ABS that can also be attached to (oxy)anions. As discussed in section 3.3.1, 

HAsO4
2- appears more toxic to A. fischeri than H2AsO4

-. Considering the nature of 

BLM concept, it is reasonably understood that multivalent positive or negative ions 

are more toxic than monovalent ions. In general, the greater the affinity of metals for 

binding to the BL sites of the organisms (log K value) of a particular metal, the 

toxicity will be more severe [44,45]. If positively charged active binding sites (ABS) 

(i.e., counterparts of the BL sites in the existing BLM) are present in the cell 

membrane of A. fischeri, the stronger negative charge of HAsO4
2- enables stronger 

and increased binding to ABS than H2AsO4
-, thereby resulting in greater toxicity. 

Also, as discussed in section 3.3.3, phosphate exhibited competitive effect to iAs(V). 

Although the competition between iAs(V) and phosphates seems to occur in the cell 

cytoplasm after the introduction of iAs(V) into cell interior through membrane-

embedded phosphate transporters, not to occur in the cell membrane of A. fischeri 

[11], the revised assumption that the ABS are presented on the cell membrane still 

provides a good explanation for the decrease in iAs(V) toxicity as the phosphate 

activity increased. As a simplified approximation to predict iAs(V) toxicity with 
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consideration of pH and phosphate effects, the reconstructed BLM was presented in 

Eq. 3.3 to 3.12, as described below. 

Phosphate, as well as iAs(V), can react with positively charged ABS on the cell 

membrane surface of A. fischeri. This reaction can be expressed as shown in Eq. 3.3: 

 

}]{[

][ )1(
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n

XA
AX

XA
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(3.3)

 

 

where [XA(n-1)-] is the concentration of ABS-iAs(V) or the ABS-phosphate complex 

(mol/L), [X+] is the concentration of unoccupied ABS (mol/L), {An-} is the activity 

of iAs(V) or phosphate (mol/L) in the bulk solution, and KXA is the conditional 

binding constant for iAs(V) or phosphate bound to ABS (L/mol). 

The concentration of total ABS ([TX]) can be expressed by Eq. 3.4, and the 

substitution of Eq. 3.4 with Eq. 3.3 yielded Eq. 3.5. 
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 (3.5) 

 

The fraction of ABS occupied by both H2AsO4
- and HAsO4

2- (fmix) (Eq. 3.6) was 

proportional to the toxicity of A. fischeri, followed by the main hypotheses of the 
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original BLM for cationic metals [23,24]. The EC50 values can be described in Eq. 

3.7. 
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where EC50{HAsO42-} is the HAsO4
2- activity that results in 50% toxicity to A. 

fischeri, KAs is the acid dissociation constant of iAs(V) (pKAs = 6.76), and fmix
50% is 

the ABS required to be occupied by iAs(V) (both H2AsO4
- and HAsO4

2-) to induce 

50% toxicity. 

At pH 5, Eq. 3.6 can be transformed into Eq. 3.8 and Eq. 3.9, as the activities of 

H2AsO4
- and H2PO4

- were much higher than those of HAsO4
2- and HPO4

2-, 

respectively, because KHAsO4{HAsO4
2-} and KHPO4{HPO4

2-} are negligible at pH 5. 

Similarly, Eq. 3.6 can be converted into Eq. 3.10 and Eq. 3.11 at pH 9, because 

KH2AsO4{H2AsO4
-} and KH2PO4{H2PO4

-} are negligible at pH 9. 
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Where fXH2AsO4
50% and fXHAsO4

50% are the ABS required to be occupied by H2AsO4
- and 

HAsO4
2-, respectively, to induce 50% toxicity. 

As illustrated in Eq. 3.9 and Eq. 3.11, the linear relationship between the EC50 

value at a given pH and the phosphate activity should be observed if a competitive 

effect of ABS and iAs(V) occurs. Hence, the conditional binding constants of 

phosphate (KXH2PO4 and KXHPO4) were derived from the slope and the intercept of the 

linear relationships (Figure 3.4a–b), as shown by De Schamphelaere and Janssen 

[24]. The determined values were 3.424 for logKXH2PO4 and 4.588 for logKXHPO4, 

respectively. 

KXH2AsO4 and KXHAsO4 were determined through the optimization of the linear 

relationship between the logit transformed toxic effect and the fraction of ABS 

occupied by H2AsO4
- at pH 5 and HAsO4

2- at pH 9, respectively [24,41]. The best 

approximation results between the logit of the measured toxic effect and the 

calculated the fraction of the occupied ABS were determined to be 3.067 for 

logKXH2AsO4 and 4.802 for logKXHAsO4, respectively (Figure 3.4c–d). The values of 

fXH2AsO4
50% and fXHAsO4

50% were calculated to be 0.6979 and 0.5556, respectively. 
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Figure 3.4. The derivation of BLM parameters at different pH values: Linear 

relationships between (a) EC50{H2AsO4
-} and H2PO4

- activity at pH 5 and (b) 

EC50{HAsO4
2-} and HPO4

2- activity at pH 9. In accordance with the method of De 

Schamphelaere and Janssen [24], the conditional binding constants between 

phosphate and BL sites were determined as 3.424 for KXH2PO4 and 4.588 for KXHPO4 

by using the slopes and intercepts of the linear relationships. The best approximation 

results between the logit of the measured toxic effect and the calculated fraction of 

BL sites occupied by H2AsO4
- or HAsO4

2- are shown: (c) for H2AsO4
- at pH 5, log 

KXH2AsO4 was 3.067, and (d) for HAsO4
2- at pH 9, log KXHAsO4 was 4.802. 

 

An et al. [21] developed BLMs able to predict toxicity of Cd and Pb to A. fischeri. 

A competitive effect of cations was observed, and the derived parameters were 5.02 

for logKCdBL, 0.435 for fCdBL
50%, 6.67 for logKPbBL, and 0.547 for fPbBL

50%. In this case, 
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the logKCaBL value, which indicates the magnitude of the competitive effect of Ca2+, 

was 2.84 for Cd or 2.30 for Pb [21]. Through the use of these conditional binding 

constants, the magnitude of the toxicity and competitive effect can be compared. The 

ability of phosphate to alleviate iAs(V) toxicity is much greater than that of Ca2+ to 

alleviate Cd or Pb toxicity, which is presumably a result of the structural similarity 

between phosphate and iAs(V). 

Finally, the parameter fmix
50% was derived through the substitution of the 

experimentally determined toxic effect (R) and the corresponding fmix (Eq. 3.5) in Eq. 

3.12. 

 

)(1

100

%50

mix

mix

f

f
R



                  
(3.12) 

 

Where R is the toxic effect (i.e., percentage bioluminescence inhibition) of iAs(V) 

to A. fischeri, and β is the fitting parameter that determines the shape of the dose-

response curve. 

   The derived fmix
50% was 0.6161 as shown in Figure 3.5. This value was in good 

agreement with the average value (0.6267) of fXH2AsO4
50% and fXHAsO4

50% calculated by 

other means. From Eq. 3.7, all determined parameters (i.e., KXHAsO4, KXH2AsO4, KXHPO4, 

KXH2PO4, fmix
50%), EC50{HAsO4

2-} can be calculated from the activities of competing 

phosphates and pH. Thus, Eq. 3.7 can be transformed for the calculation of 
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EC50{H2AsO4
-}, as well as EC50[As]T. 
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Figure 3.5. The dose-response relationships between the toxic effects to A. fischeri 

measured at pH 5 (○) and 9 (×) at different phosphate activities (i.e., {H2PO4
-} = 0, 

0.14, 0.68, 2.71, and 13.6 mM at pH 5, {HPO4
2-} = 0, 0.03, 0.16, 0.65, and 3.05 mM 

at pH 9) and fmix value calculated from Eq. 3.6. The solid lines indicate the logistic 

curve fitted to all data. 

 

3.3.5. Validation of extended BLM 

   The model to predict iAs(V) toxicity was developed by using data from toxicity 

tests performed at pH 5 and 9 in the presence of various phosphate concentrations 

(Figure 3.4 and Figure 3.5). In order to validate the developed model, the measured 

toxic effects, which were obtained at different pH values from 5.5 to 8.5 (section 

3.3.1) and different phosphate concentrations from 0 to 5 mM at pH 7 (section 3.3.3), 

were compared with the predicted values (Figure 3.6). Model-predicted 

EC50{HAsO4
2-} in a range of 2.29E-05 to 2.44E-03 M and experimentally 
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determined EC50{HAsO4
2-} in a range of 8.64E-06 to 5.07E-03 M had a strong linear 

relationship within an order of magnitude (Figure 3.6). It demonstrated that site-

specific iAs(V) toxicity was effectively predicted by using the developed iAs(V) 

toxicity prediction model with the water chemistry. 
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Figure 3.6. The linear relationship between the experimentally determined 

EC50{HAsO4
2-} at different pH values and the predicted EC50 from the developed 

models. The solid line represents a 1:1 match between the measured and predicted 

EC50 values. The BLM parameters were derived from toxicity data with varying 

phosphate activities at pH 5 and 9 (parameter derivation sets: △) and the predictive 

power of the model can be effectively evaluated by using toxicity data conducted at 

pH 7 (model validation sets: ○). 
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3.4. Summary 

BLM was extended to predict the toxicity of iAs(V) to the luminescent bacteria, 

A. fischeri. As the pH increased from 5 to 9, the HAsO4
2- form predominated more 

than H2AsO4
-, and the EC50[As]T (50% effective iAs(V) concentration) decreased 

drastically from 3554 ± 393 to 39 ± 6 μM; thus, the HAsO4
2- form was more toxic to 

A. fischeri than H2AsO4
-. As the HPO4

2- activity increased from 0 to 0.44 mM, the 

EC50{HAsO4
2-} values (50% effective HAsO4

2- activity) increased from 31 ± 6 to 

859 ± 128 μM, indicating that the toxicity of iAs(V) decreased, owing to the 

competition caused by the structural similarity between iAs(V) and phosphate ions. 

However, activities of Ca2+, Mg2+, K+, SO4
2-, NO3

-, and HCO3
- did not significantly 

affect the EC50{HAsO4
2-} values. The BLM was reconstructed to take into account 

the effects of pH and phosphate, and the conditional binding constants for H2PO4
-, 

HPO4
2-, H2AsO4

-, and HAsO4
2- to the active binding sites of A. fischeri were obtained; 

3.424 for logKXH2PO4, 4.588 for logKXHPO4, 3.067 for logKXH2AsO4, and 4.802 for 

logKXHAsO4. The fraction of active binding sites occupied by iAs(V) to induce 50% 

toxicity (fmix
50%) was found to be 0.616. 
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CHAPTER 4 

Use of the Extrapolated Biotic Ligand Model to 

Predict Arsenate Toxicity in Barley Hordeum vulgare 

Considering Cell Membrane Surface  

Electrical Potential 

 

 

4.1. Introduction 

Arsenic (As) accumulates in environmental media via both natural and 

anthropogenic sources, and can cause severe adverse effects not only to human 

health but also to ecosystems [1-3]. Because the total As concentration in the 

environmental media is not a good indicator of bioavailability or ecotoxicity, it is 

important to rationally assess ecotoxicity of As by using appropriate bioassays. The 

ecotoxicity of As varies greatly according to the environmental factors (e.g., 

phosphate concentration) in which the bioassay is performed [4,5] and to the 

sensitivity of the species tested [6]. The former can be considered using the biotic 

ligand model (BLM) that is a semi-mathematical and equilibrium model that predicts 

site-specific toxicity of cationic metals such as Cu, Ni, and Zn [7-9]. Recently, An et 

al. [10] developed a BLM for inorganic arsenate (iAs(V)), which is a dominant 

species in surface water and surface soil porewater. This BLM can effectively predict 
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the toxicity of iAs(V) to the bioluminescence Aliivibrio fischeri considering 

phosphate competition (toxicity alleviation) and As species alteration by pH. The 

latter can be considered using species sensitivity distribution (SSD), which is the 

cumulative distribution of toxicity of a single compound to a set of species that 

constitutes a community [11]. SSD can estimate the 5% hazardous concentration 

(HC5) that is defined as the total dissolved concentration of the contaminant that 

protects 95% of the species in the ecosystem. 

To overcome site-specificity and species-specificity concurrently when assessing 

ecotoxicity and thereby deriving a safe concentration (e.g., HC5) in the ecosystem 

when combining BLM and SSD, the full species sensitivity distribution 

bioavailability normalization approach [12-15] can be used. With this approach, HC5 

is estimated by an SSD obtained from the entire normalized (i.e., site-specific 

physicochemical properties that can affect toxicity of metals or metalloids reflected 

using BLM) ecotoxicity dataset. This approach assumes that some species may also 

share BLM parameters, i.e., conditional binding constants between free metal ions 

or major cations and active binding sites (i.e., biotic ligand) at the cell membrane 

surface of the organism [15]. Such an assumption has been proven by the evidence 

that BLMs for Cu, Ni, and Zn can be extrapolated across species [12-14,16]. 

To the best of our knowledge, the BLM for iAs(V) considers only the effect of 

phosphate competition on A. fischeri, as developed by our previous research [10], 

and not for individual species. Evidence supporting extrapolation with respect to the 

BLM for iAs(V) is still scarce. Therefore, in the present study, the feasibility of 

interspecies extrapolation was tested to extend the BLM for iAs(V) to a terrestrial 
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plant barley Hordeum vulgare, which is a sensitive species that can represent a 

terrestrial SSD. To confirm the predictability of BLM for iAs(V) after adjustment for 

the inherent sensitivity (IS) of H. vulgare, the predicted and measured 50% effective 

iAs(V) activity (EC50{HAsO4
2-}) was compared. 

Meanwhile, the phenomenon that major cations alleviate metal toxicity can be 

explained in terms of not only BLM but also by the cell plasma membrane (PM) 

electrical potential (Ψ0) concept [17-19]. The root cell PM surface, which is 

negatively charged, attracts cations in the bulk-phase medium. This indicates that the 

addition of major cations such as Ca2+ to the solution increases the Ψ0, and decreases 

the cationic free metal ions moving to the cell PM surface by electrostatic attraction 

[17]. Conversely, iAs(V), which is normally present as H2AsO4
- and HAsO4

2-, can 

be accumulated on the PM surface. Wang et al. [18] found that a significant increase 

in iAs(V) toxicity to wheat (Triticum aestivum) as increasing Ca2+ activity in the bulk 

solution. This was attributed to the fact that the increase of Ca2+ activity from 0.2 to 

2.5 mM in the solution increased Ψ0 from -40 to -20 mV, resulting in a higher 

accumulation of H2AsO4
- and HAsO4

2- on the root cell PM surface of T. aestivum. 

Such an increase in iAs(V) toxicity cannot be explained by the current BLM for 

iAs(V) [10]. 

The aim of the present study was to evaluate the feasibility of interspecies 

extrapolation of BLM for iAs(V), which was previously developed using A. fischeri, 

to a terrestrial plant H. vulgare, and to incorporate the Ψ0 concept into the 

extrapolated BLM for iAs(V) to reflect the increased toxicity of iAs(V) by Ca2+. It 

was expected that the acute BLM for iAs(V) developed for one bacteria would be 
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able to predict the iAs(V) toxicity to terrestrial plant species among various 

physicochemical properties by optimizing the IS. 

 

 

4.2. Materials and methods 

4.2.1. Ecotoxicity test with H. vulgare 

The root growth inhibition test with barley H. vulgare was performed based on 

ISO guideline 11269-1 [20] with some modifications. Seeds were sterilized in a 5% 

NaOCl solution (Daejung, Korea) for 10 min, and rinsed three times with deionized 

(DI) water, with a resistance of 18.2 MΩ cm (Milli-Q, Millipore, Bedford, MA). 

Then, the seeds were germinated on filter paper moistened with DI water for 36 h at 

room temperature (25°C) in complete darkness. Each germinated seed was fixed in 

a polyethylene sheet floating on the surface of the medium. For each medium, a 

toxicity test was conducted, consisting of seven treatments (control + six different 

concentrations of iAs(V)). Each treatment was performed with six germinated seeds 

in a polyethylene beaker that was filled with 500 mL of test medium as a hydroponic 

culture. All test media were incubated during 5 d of exposure at 20°C with a 

light:dark cycle of 16:8 in a growth chamber (E15, Conviron, Canada). The toxicity 

of iAs(V), measured as relative root elongation (RRE) (Eq. 4.1), after exposure to a 

given concentration of iAs(V) was calculated [21] as follows. 

 



 

68 

RRE = 100 ×
𝐿𝑓,𝑡−𝐿𝑖,𝑡

𝐿𝑓,𝑐−𝐿𝑖,𝑐
           (4.1) 

 

Where RRE is the relative root elongation (%), Lf,t is the average root length (mm) 

of each treatment after 5 d exposure, Li,t is the average root length (mm) of each 

treatment at initial time (t = 0), Lf,c is the average root length (mm) of the control 

after 5 d exposure, and Li,c is the average root length (mm) of the control at initial 

time. 

The changes in the RRE in response to changes in iAs(V) concentrations or 

activities were fitted to sigmoidal dose-response curve (Eq. 4.2) to calculate the 50% 

effective concentration (EC50) value. 

 

y = 𝑦0 +
𝑎

1+𝑒
−

𝑥−𝑥0
𝑏

 

           

(4.2) 

 

Where y is the observed RRE, x is the natural logarithm of an exposed iAs(V) 

concentration or activity, and, a, b, x0, and y0 are the fitting parameter that determines 

the shape of the dose-response curve. 

A stock solution of iAs(V) (10 mM) was prepared by dissolving 

Na2HAsO4·7H2O (98.0%–102%, Sigma-Aldrich) in DI water, and stored in the dark 

at 4°C prior to use. The concentrations of iAs(V) in each test medium (i.e., in direct 

contact with H. vulgare) were 0, 0.5, 2, 10, 50, 200, and 1000 μM. The pH of each 

test medium was adjusted to 7 ± 0.05 using 3.6 mM of 3-[N-morpholino] 
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propanesulfonic acid (MOPS, > 99.5%, Sigma), with the addition of 1 M NaOH or 

1 M HCl. Background concentrations of major cations and anions in each test 

medium were Ca2+ = 0.2 mM, Mg2+ = 0.05 mM, K+ = 0.2 mM, Na+ = 1 mM, PO4
3- 

= 0.05 mM, SO4
2- = 0.05 mM, CO3

2- = 0.2 mM, and NO3
- = 0.2 mM. The individual 

effect of Ca2+ on iAs(V) toxicity to H. vulgare was assessed at pH 7 in 3.6 mM 

MOPS buffer. Each set consisted of a series of solutions with five different 

concentrations of Ca2+ (0.2, 1, 5, 10, and 20 mM) in the presence of a low phosphate 

concentration (i.e., background level = 0.05 mM) and a high phosphate concentration 

(5 mM). 

The concentrations of major cations and iAs(V) were determined using 

inductively coupled plasma atomic emission spectrometry (ICAP 7400 DUO, 

Thermo Scientific, Waltham, MA). The concentrations of the major anions were 

determined using ion chromatography (DX500, Dionex, Sunnyvale, CA). The 

concentrations of dissolved organic carbon were determined using a total organic 

carbon analyzer (V-CPH, Shimadzu, Japan). Preliminary tests showed that the 

measured concentrations did not differ significantly from their nominal values within 

5% variability. 

Visual MINTEQ 3.1 [22] was used to calculate the activities of iAs(V) (H2AsO4
- 

and HAsO4
2-) and the major cations/anions in the tested solution. Temperature, pH, 

ion concentrations, and the partial pressure of CO2 (PCO2 = 0.00038 atm) were used 

as the input data. 

Analysis of variance (ANOVA) was performed using Microsoft Excel 2010 

Analysis ToolPak to evaluate whether the Ca2+ significantly (p < 0.05) affected 
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iAs(V) toxicity. 

 

4.2.2. Calculation of the electrical potential of root cell plasma membrane 

surface 

To calculate Ψ0 (the electrical potential of the root cell PM surface), and the 

corresponding ion activities at the PM surface, the Gouy-Chapman-Stern (GCS) 

model [19] was employed. The GCS model consists of two parts as follows: (i) 

electrostatic theory (Gouy-Chapman theory), and (ii) interaction between ions and 

the PM surface (Stern portion). The calculation process is briefly shown below. 

First, the actual PM surface charge density (σ, unit: C/m2) was described using 

Eq. 4.3. 

 

σ2 = 2ε𝑟ε0𝑅𝑇 ∑ [𝐼𝑧]𝑏(exp[
−𝑍𝑖𝐹Ψ0

𝑅𝑇𝑖 ] − 1)  

       

(4.3) 

 

Where 2ε𝑟ε0RT = 0.00345 when concentrations are expressed in mol/L at 25°C. εr 

is the dielectric constant for water, ε0 is the permittivity of a vacuum, and F, R, and 

T are the Faraday constant, gas constant, and absolute temperature, respectively. [IZ]b 

is the free ion concentration in the bulk solution. Zi is the charge on the ith ion. 

Second, if the PM surface binding sites consisting of negatively charged sites (R-) 

and neutral sites (P0) are occupied by ions (IZ), then the PM surface species and their 

equilibrium reactions can be presented as Eq. 4.4 and Eq. 4.5. 
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𝐾𝑅𝐼 =
[𝑅𝐼𝑍−1]

[𝑅−][𝐼𝑍]0
 

          

(4.4) 

𝐾𝑃𝐼 =
[𝑃𝐼𝑍]

[𝑅0][𝐼𝑍]0
 

           

(4.5) 

 

Where [R-], [P0], [RIZ-1], and [PIZ] denote PM surface densities expressed in mol/m2. 

[IZ]0 denotes the concentration of the unbound ion IZ at the PM surface. 

Finally, the σ in the Graham equation (Eq. 4.3) can also be expressed as Eq. 4.6. 

 

σ = {−[𝑅−] + ∑ (𝑍𝑖 − 1)[𝑅𝐼𝑍−1] + ∑ (𝑍𝑖)[𝑃𝐼𝑍]𝑖𝑖 }F       (4.6) 

 

To calculate the values of [IZ]0, the Boltzmann equation (Eq. 4.7) can be used. 

 

[𝐼𝑧]0 = [𝐼𝑧]𝑏exp(
−𝑍𝑖𝐹Ψ0

𝑅𝑇
)             (4.7) 

 

To determine Ψ0, trial values were assigned to Ψ0 in Eq. 4.3 to 4.7 until the values 

for σ computed in Eq. 4.3 to 4.6 converged. The equilibrium constants and total 

surface densities of binding sites R and P in Eq. 4.4 and 4.5 were previously 

determined, and available from the study of Kopittke et al. [23]. 
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4.2.3. Interspecies extrapolation of BLM 

   The BLM for predicting iAs(V) toxicity to A. fischeri previously reported [10] is 

presented in Eq. 4.8. 

 

𝐸𝐶50{HAsO4
2−} =

𝑓𝑚𝑖𝑥
50%[1+𝐾𝑋𝐻2𝑃𝑂4{𝐻2𝑃𝑂4

−}+𝐾𝑋𝐻𝑃𝑂4{𝐻𝑃𝑂4
2−}]

(1−𝑓𝑚𝑖𝑥
50%)[

𝐾𝑋𝐻2𝐴𝑠𝑂4
𝐾𝐴𝑠

{𝐻+}+𝐾𝑋𝐻𝐴𝑠𝑂4]
      (4.8) 

 

Where KXA is the conditional binding constant for iAs(V) or phosphate bound to the 

active binding site (ABS) (L/mol), {An-} is the activity of iAs(V) or phosphate 

(mol/L) in the bulk solution, KAs is the acid dissociation constant of iAs(V) (pKAs = 

6.76), and fmix
50% is the ABS required to be occupied by iAs(V) (both H2AsO4

- and 

HAsO4
2-) to induce 50% toxicity [10]. The BLM parameters including conditional 

binding constants and fmix
50% are presented in Table 4.1. 

 

EC50𝑠𝑖𝑡𝑒 = IS × EM𝑠𝑖𝑡𝑒              (4.9) 

IS =
𝐸𝐶50𝑡𝑒𝑠𝑡

𝐸𝑀𝑡𝑒𝑠𝑡
=

𝑓𝑚𝑖𝑥
50%

1−𝑓𝑚𝑖𝑥
50%                (4.10) 

𝐸𝑀 =
1+𝐾𝑋𝐻2𝑃𝑂4{𝐻2𝑃𝑂4

−}+𝐾𝑋𝐻𝑃𝑂4{𝐻𝑃𝑂4
2−}

𝐾𝑋𝐻2𝐴𝑠𝑂4
𝐾𝐴𝑠

{𝐻+}+𝐾𝑋𝐻𝐴𝑠𝑂4

        (4.11) 
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Site-specific EC50 of H. vulgare was calculated by multiplying the inherent 

(intrinsic) sensitivity (IS) of a tested species and environmental modulator (EM) [15]. 

The IS was derived from the measured EC50 and chemical analysis data of the media 

(i.e., phosphate activities and pH) in toxicity tests. Hence, for determining the IS 

value (corresponding f50%
mix value), a single EC50 of H. vulgare for iAs(V) obtained 

from toxicity test was required. 

 

 

4.3. Results and discussion 

4.3.1. Effect of increasing Ca2+ concentrations on iAs(V) toxicity to H. vulgare 

Changes in the EC50{HAsO4
2-} values with varying Ca2+ concentrations are 

shown in Figure 4.1. The EC50{HAsO4
2-} of H. vulgare significantly decreased from 

45.1 ± 4.34 to 15.0 ± 2.60 μM as the Ca2+ concentrations increased from 0.2 to 20 

mM (Figure 4.1a). Conversely, the EC50{HAsO4
2-} of A. fischeri, which was the 

species used when developing the original BLM for iAs(V), was not significantly 

altered although the Ca2+ concentrations increased from 0 to 25 mM (Figure 4.1b) 

[10]. This can be ascribed to the fact that the cell PM surface electrical potential (Ψ0) 

of H. vulgare sharply increased from -53.8 to -3.3 mV. 
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Figure 4.1. Measured EC50 values expressed as HAsO4
2- activity (left y-axis) 

obtained from (a) the root elongation test using Hordeum vulgare, and (b) the 

bioluminescence inhibition test using Aliivibrio fischeri (data obtained from An et al. 

[10]). Calculated cell membrane surface electrical potential (Ψ0) (right y-axis) for (a) 

H. vulgare, and (b) A. fischeri with varying Ca2+ concentrations. Solid bars and error 

bars indicate the EC50 values, and their standard deviations (n = 3), respectively. 

Open circles represent the calculated Ψ0 values. The fact that p value of the ANOVA 

test is larger than 0.05 indicates that the addition of Ca2+ did not significantly affect 

to iAs(V) toxicity. 
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However, only a relatively slight increase of Ψ0 from -13.7 to -0.4 mV for A. fischeri 

was observed because the experimental solution containing 0.342 M NaCl was 

entirely used for the osmotic pressure control in the toxicity test using A. fischeri, 

and the solution already had a considerable amount of positive ions. 
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Figure 4.2. Measured EC50 values expressed as HAsO4
2- activity from (a) the root 

elongation test using H. vulgare conducted in this study, and (b) the root elongation 

test using T. aestivum obtained from Wang et al. [18] plotted against calculated PM 

surface electrical potential (Ψ0). Normalized EC50 calculated by dividing the 

measured EC50{HAsO4
2-} into the y-axis intercept (i.e., a situation where Ψ0 = 0) of 

the negative linear relationship of each species presented in Figure 4.2a or 4.2b was 

also plotted against Ψ0 (c) to quantify the effect of Ψ0 by eliminating species 

sensitivity. The solid line represents the linear regression curve. 
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As reported in previous studies [17-19], an increase in Ψ0 can accumulate more 

H2AsO4
- and HAsO4

2- on the PM surface compared to when Ψ0 is 0, and thus may 

increase iAs(V) toxicity. The EC50{HAsO4
2-} of H. vulgare decreased 3.02 times 

based on the chemical properties of tested media, thus the influence of Ψ0, which 

cannot be reflected by the current BLM for iAs(V), should be considered for more 

accurate prediction and evaluation of iAs(V) toxicity. 

A negative linear relationship (slope = -0.615, R2 = 0.771) between the calculated 

Ψ0 and measured EC50{HAsO4
2-} of H. vulgare was shown (Figure 4.2a). A similar 

trend was observed in wheat T. aestivum (slope = -0.003, R2 = 0.729) in a study by 

Wang et al. [18] (Figure 4.2b). Because the slopes of the linear relationships between 

the calculated Ψ0 and measured EC50{HAsO4
2-} were different owing to the 

differences in species sensitivity to iAs(V), the normalized EC50, defined as the 

measured EC50{HAsO4
2-} divided by the y-axis intercept of the negative linear 

relationship (i.e., a situation where Ψ0 = 0), was used to quantify the effect of Ψ0 

when compensating for species sensitivity (Figure 4.2c). In this case, the same 

negative linear relationship (slope = -0.055, R2 = 0.742) in both species (H. vulgare 

and T. aestivum) was derived. This indicates that the influence of Ψ0 is not a plant 

specific property, but rather is a physicochemical property based on the attraction or 

repulsion of iAs(V) around the PM surface. Consequently, it was expected that the 

effect of Ψ0 can be considered in a similar way for various plants, which have a 

negatively charged PM surface. 
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4.3.2. Interspecies extrapolation of BLM to predict iAs(V) toxicity to H. vulgare 

To extrapolate the BLM, originally developed from A. fischeri, to barley H. 

vulgare, the IS (fmix
50%) had to first be determined. The EC50 value (i.e., 

EC50{HAsO4
2-}) of H. vulgare was 45.1 ± 4.34 μM, when concentrations of major 

cations and anions were set to background levels by adjusting the pH to 7. 

 

Table 4.1. Conditional binding constants of the biotic ligand model (BLM) for 

inorganic arsenate (iAs(V)) obtained from Aliivibrio fischeri [10] and the calculated 

inherent sensitivity (fmix
50%) of terrestrial plants including barley Hordeum vulgare 

Conditional 

binding 

constanta 

Value 

(L/mol) 
Species Toxic endpoint 

f50 

(dimensionless) 

log KXH2AsO4 3.067 
Aliivibrio 

fischeri 

5 min 

bioluminescence 

inhibition 

0.616b 

log KXHAsO4 4.802 
Hordeum 

vulgare 

5 d relative root 

elongation 
0.626c,d 

log KXH2PO4 3.424 
Triticum 

aestivum 

2 d relative root 

elongation 
0.015c,e 

log KXHPO4 4.588 
Cucumis 

sativa 

4 weeks dry 

weight change 
0.176c,f 

  Lactuca sativa 

3 d germination 

rate 

0.562c,g 

  
Raphanus 

sativa 
0.649c,g 

  
Cardamine 

yezoensis 
0.868c,g 

aConditional binding constants for iAs(V) (HAsO4
2- and H2AsO4

-) or phosphate 

(HPO4
2- and H2PO4

-) bound to active binding sites on the cell membrane surface of 

A. fischeri. 

bObtained from An et al. [10]; cCalculated in this study; dToxicity data obtained from 

this study; eToxicity data obtained from Wang et al. [18]; fToxicity data obtained 

from Lamb et al. [4]; gToxicity data obtained from Ko et al. [26]. 
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Using the calculated EM value (2.70E-05 M) in Eq. 4.11, the IS and fmix
50% were 

determined as 1.675, and 0.626, respectively (Table 4.1). The calculated IS of H. 

vulgare was very similar to that of A. fischeri (fmix
50% = 0.616). The IS of wheat T. 

aestivum was also calculated to assess whether it is applicable to another terrestrial 

plant. Wang et al. [18] reported the EC50 values of T. aestivum (toxic endpoint = 

root elongation change for 48 h) in hydroponic cultures. The calculated IS (fmix
50%) 

of T. aestivum was 0.015, which implies that the sensitivity to iAs(V) is much higher 

in T. aestivum than that in H. vulgare. 

The extrapolated BLM to predict iAs(V) toxicity to H. vulgare and T. aestivum 

was validated by comparing the measured EC50 values with the predicted EC50 

values (Figure 4.3). To reflect the effect of Ψ0 described in section 4.3.1, the slopes 

of the negative linear relationships (p) in Figure 4.2a and Figure 4.2b were used 

following Eq. 4.12, when the prediction of EC50 was conducted. 

 

𝐸𝐶50{HAsO4
2−}𝑠𝑖𝑡𝑒 = 𝐸𝐶50{HAsO4

2−}𝑖𝑛𝑖 + 𝑝(Ψ0,𝑠𝑖𝑡𝑒 − Ψ0,𝑖𝑛𝑖)    (4.12) 

 

Where EC50{HAsO4
2-}site is the value reflecting the effect of Ψ0 in a site, 

EC50{HAsO4
2-}ini is the predicted EC50 value from the extrapolated BLM, Ψ0,site is 

the PM surface electrical potential calculated from the water chemistry at a site, and 

Ψ0,ini is the PM surface electrical potential calculated from the water chemistry in the 

toxicity test solution when determining the EC50 value. 

   Model predicted EC50{HAsO4
2-} and experimentally determined EC50{HAsO4

2-} 
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had a strong linear relationship within an order of magnitude (Figure 4.3). This 

demonstrated that even though only IS is considered, the site-specific iAs(V) toxicity 

to terrestrial plants can be predicted using water or porewater chemistry within a 

significant accuracy. 

 

 

Figure 4.3. Comparison between measured EC50{HAsO4
2-} and predicted 

EC50{HAsO4
2-} by the extrapolated BLM with consideration of Ψ0. Open circles and 

triangles indicate the EC50{HAsO4
2-} values for the low phosphate treatment (0.05 

mM) and the high phosphate treatment (5 mM), respectively. The solid line 

represents a perfect match between the measured and predicted EC50 values. The 

dashed lines indicate the difference between the measured and predicted values 

within an order of magnitude. 
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Thus, the BLM parameters for each plant species are not required i.e., the 

conditional binding constants between iAs(V) or phosphate and active binding sites 

of cell membrane are the same for both species; however, only one EC50 had to be 

used for sensitivity correction. To achieve better prediction accuracy, the relationship 

between EC50 values and Ψ0 must be derived. 

It is recognized that iAs(V) is taken up adventitiously into cells by the existing 

orthophosphate transporters in both prokaryotes and eukaryotes [24, 25], because 

iAs(V) is a chemical analog to orthophosphate. This fact speculates that there are no 

severe problems when the BLM parameters (e.g., conditional binding constants: 

KXH2AsO4, KXHAsO4, KXH2PO4, and KXHPO4) derived from A. fischeri were directly used to 

predict iAs(V) toxicity to terrestrial plants. The BLM for iAs(V), originally 

developed for A. fischeri, can be extrapolated to terrestrial plants including H. 

vulgare and T. aestivum across kingdoms. 
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4.4. Summary 

In this study, the toxicity caused by inorganic arsenate (iAs(V)) in barley 

Hordeum vulgare was predicted using the existing biotic ligand model (BLM) for 

bioluminescence Aliivibrio fischeri via interspecies extrapolation. The extrapolated 

BLM, which only considered inherent sensitivity, explained the alteration of iAs(V) 

toxicity by the competition effect of phosphate. The 50% effective iAs(V) activity 

(EC50{HAsO4
2-}) decreased from 45.1 ± 4.34 to 15.0 ± 2.60 μM as Ca2+ 

concentration increased from 0.2 to 20 mM, owing to the accumulation of H2AsO4
- 

and HAsO4
2- on the PM surface, which was successfully considered in the 

extrapolated BLM using a linear relationship between cell membrane surface 

electrical potential and EC50{HAsO4
2-}. 
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CHAPTER 5 

A Direct Measurement of Bioavailable  

Arsenic Concentrations Using Diffusive Gradients  

in Thin Film and X-ray Fluorescence Spectrometry 

 

 

5.1. Introduction 

Arsenic (As) contamination in soil through both natural and anthropogenic 

sources, including arsenic bearing minerals and wood preservatives (e.g., chromate 

copper arsenate), has gained the attention of scientists and regulators owing to its 

potential risk to human health and surrounding ecosystems [1-5]. Because soil 

physicochemical properties, as well as contamination history, greatly affect the 

bioavailability of As in soil, total As concentrations in soil do not usually reflect the 

bioavailability, and hence toxicity, to living organisms [6-9]. As such, it is crucial to 

determine bioavailable As concentrations in soil by means of an appropriate manner 

towards realistic risk characterization. 

 

Significant portions of this chapter were published in An et al. (“Journal of Hazardous 

Materials, 260, Jinsung An, Ki-Hyun Kim, Joo-Ae Kim, Hyeyeon Jung, Hye-On Yoon, 

Jungju Seo, A simplified analysis of dimethylarsinic acid by wavelength dispersive X-ray 

fluorescence spectrometry combined with a strong cation exchange disk, 24-31, Copyright 

Elsevier (2013)”) with permission from Elsevier. 
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A diffusive gradient in thin film (DGT) has been recognized as a prominent tool 

for assessing mobility and bioavailability of metals and metalloids in aquatic and 

terrestrial systems [10-15]. The principle of this technique is based on the diffusion 

of dissolved species through a porous material (e.g., a polyacrylamide hydrogel) and 

their retention on a binding resin (e.g., Chelex-100 resin). Using the DGT provides 

the advantages of preconcentration, time-integration, matrix interference removal, 

and in situ analysis [10,11]. The labile (bioavailable) concentration of the analyte 

(CDGT) can be calculated from the mass accumulated in the DGT resin (M), following 

Eq. 5.1, on the basis of Fick’s first law [15]. 

 

𝐶𝐷𝐺𝑇 =
𝑀∆𝑔

𝐷𝑡𝐴
           (5.1) 

 

Where Δg is the thickness of the gel layer (diffusion layer + filter membrane) that is 

determined according to the manufacturing process, D is the temperature-corrected 

diffusion coefficient for the analyte in a polyacrylamide hydrogel that has been 

normally reported by previous studies, t is the deployment time, and A is the surface 

area of the gel layer. 

In general, the mass of analyte in the DGT resin (M) is the only unknown variable. 

It is eluted from the ligand using acid extraction (normally 6 N HNO3) for 12 to 24 

h, and the mass is then determined using inductively coupled plasma atomic emission 
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spectrometry (ICP-AES) or ICP mass spectrometry (ICP-MS). However, as the 

elution efficiency of the target analyte from the DGT resin is much less than 100%, 

predictions of its bioavailable concentration may be biased. Clearly, a direct analysis 

of the analyte in the DGT resin, which does not require a burdensome extraction 

stage, would be the preferable choice, if available. 

In this respect, X-ray fluorescence spectrometry (XRF) is a potent tool due to its 

applicability to the analysis of most elements in various solid phase samples, with a 

short analyzing time and a non-destructive sample preparation procedure. 

Particularly, the matrix effect, including secondary excitation and absorption of the 

emitted X-ray, can be minimized when the analyte (on a thin layer) is analyzed using 

XRF. Recently, preconcentration with an appropriate thin layer-type sorbent, prior to 

the XRF analysis, has been widely applied to determine various elemental 

abundances [16-21]. 

Herein, we described a simple methodology to determine bioavailable As 

concentrations in soil by means of the combined use of DGT and XRF. In this study, 

the As accumulated on the DGT resin was directly analyzed using the XRF to avoid 

time-consuming and error-prone elution steps. Lead (Pb) was considered a major 

interfering element because the energy for the Kα spectrum emitted from As (10.542 

keV) is comparable to that for the Lα spectrum of Pb (10.550 keV) [16], and the 

correction factor was derived to compensate the potential spectrum interference as 

presented elsewhere [16,22,23].  
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5.2. Materials and methods 

5.2.1. Diffusive gradient in thin film (DGT) 

The DGT device for soil deployment, purchased from DGT research Ltd. 

(Lancaster, UK), consists of a binding resin (Chelex and TiO2 adsorbent), diffusion 

layer (a polyacrylamide hydrogel, thickness = 0.78 mm), and a filter membrane (pore 

size = 0.45 μm), tightly packed into a plastic support with an exposure window (A = 

2.54 cm2). The bioavailable As concentration in a bulk solution can be calculated by 

measuring the metal flux through the gel according to Eq. 5.2 [15]. Because the flux 

is defined as mass (M) per unit area (A) per unit time (t), Eq. 5.2 can be rewritten as 

Eq. 5.1. 

 

𝐹 =
𝐷𝐶𝐷𝐺𝑇

∆𝑔
           (5.2) 

 

Where F is the flux of bioavailable As ions diffusing from the bulk solution to the 

resin (unit: g/cm2/s). 

   The bioavailable As concentration (CDGT) may be less than or equal to the total 

dissolved As concentration in the bulk solution, because organic and inorganic 

complexes of As, which have a minimal diffusion rate, can be formed [12]. 
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5.2.2. X-ray fluorescence spectrometry (XRF) 

The wavelength dispersive XRF (WDXRF) (PW2404, Phillips, Netherlands) 

was used to determine concentrations of As and Pb adsorbed on the DGT resin. A 

rhodium target X-ray tube with a 75 μm thick beryllium-window was used. The X-

ray pathway was placed in a vacuum chamber (< 3 Pa) to minimize the effect of air 

(i.e., absorption). The diameters of X-ray collimator and aluminum sample holder 

used were both 27 mm. The Bragg angles (i.e., 2θ degree) of As-Kα, Pb-Lα, and Pb-

Lβ1 were 48.781, 48.742, and 40.382°, respectively, when using a LiF220 crystal 

(thickness = 0.1424 nm). The instrumental conditions used in this study follow An 

et al. [16]. 

 

5.2.3. Calibration and the correction for spectral interference 

Inorganic arsenate (iAs(V)) (100 mg-As/L) and Pb (100 mg-Pb/L) solutions were 

prepared by dissolving Na2HAsO4∙7H2O (Sigma-Aldrich, Spain) and Pb(NO3)2 

(Wako, Japan), respectively, in deionized (DI) water obtained from a Milli-Q water 

purification system (Millipore, Bedford, MA, USA), with specific resistance of 18.2 

MΩ, and stored in complete darkness at 4°C. To produce the calibration standards, 

the DGT devices were soaked in 100 mg/L of As and Pb solutions, respectively, at 

20°C with varying deployment times. After the DGT device was retrieved from each 

solution, the binding resin, which contained the As and Pb, was rinsed three times 

with DI water, and then analyzed in two different ways. For the first method, the 

DGT resin was digested with a solution consisting of HCl and HNO3 (3:1, v/v) using 

a microwave digester (MSP1000, CEM, USA), followed by the USEPA 3052 method 
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[24]. After digestion, the solution was diluted with DI water, and then filtered 

through 0.45-μm GHP filter. Concentrations of As and Pb in the digested solution 

were determined using ICP-AES (iCAP7000 Series, Thermo Scientific, USA) or 

ICP-MS (Agilent 7700x, Agilent, Japan). In the second method, the DGT resin was 

dried at room temperature (20°C) for 2 h in a desiccator with silica gel, coated with 

an X-ray film (Chemplex® , SE Waaler St. Stuart, FL, USA) to prevent deformation 

and fragmentation by the irradiating X-ray [21], and directly analyzed using the 

WDXRF. 

To investigate the effect of Pb interference on the XRF measurement of As 

intensity, the DGT devices were soaked in mixed solutions of As (0.5, 5, and 50 mg-

As/L) and Pb (0, 5 and 50 mg-Pb/L) during appropriate deployment times. The mass 

of As and Pb adsorbed on the DGT resin was determined using the two previously 

mentioned methods (i.e., the DGT-XRF and ICP-AES or MS after acid digestion) 

for comparison. 

 

5.2.4. Preparation of freshly spiked and aged soils 

   Two uncontaminated soil samples were collected from surface soil (0 to 15 cm 

depth), air-dried, and sieved through a 2 mm mesh. Soil physicochemical properties 

including pH, organic matter content, cation exchange capacity, and texture are 

presented in Table 5.1. Soil samples were spiked with soluble iAs(V) to make the As 

concentration to 100 mg-As/kg-soil. Each soil was stored in a 1-L polyethylene 

beaker in which the moisture content was maintained as the field capacity, and the 

sample was aerated, and kept out of direct light at room temperature. In order to 
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correct the amount of evaporated water and to mimic field drying-wetting cycles, DI 

water was added every 10 d. Soil samples were taken at different times (1 and 500 

d), air-dried, and used in phytotoxicity tests employing the DGT-XRF methodology. 

 

Table 5.1. Physicochemical properties used in this study 

Sample 

ID 

pH 

Cation 

exchange 

capacity 

(cmol/kg) 

Organic 

matter 

(%) 

Soil texture 

Sand 

(%) 

Silt 

(%) 

Clay 

(%) 
Classification 

Soil A 6.9 4.5 6.3 89.4 4.2 6.4 Loamy sand 

Soil B 6.9 16.3 4.4 62.2 26.9 10.9 Sandy loam 

 

5.2.5. Phytotoxicity tests with barley H. vulgare 

Phytotoxicity to barley H. vulgare, measured through root and shoot elongation, 

was investigated following Chae et al. [25]. After sterilization with 5% NaOCl for 

10 min, each seed was rinsed three times with DI water, and exposed on wet cotton 

for 3 h. Seeds (n = 5) were placed in 50 g of each soil sample within a 100-mL 

polyethylene vial, while the field capacity of the soil was maintained. All vials were 

incubated at 20°C in a 16:8 light:dark photoperiod using a growth chamber (E15, 

Conviron, Canada) for 5 d. After the removal of the soil, the root and shoot 

elongation was carefully measured. 
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5.2.6. Application of the DGT-XRF technique to determine bioavailable As 

concentrations in soil 

Soil samples were wetted to field capacity for 72 h before DGT deployment [15]. 

A soil slurry was prepared by mixing and continuously adding DI water until the 

maximum water retention was reached [15]. The DGT device was gently pushed 

onto the soil surface to achieve complete contact between the membrane of the DGT 

and soil particles. During the deployment, the temperature was maintained at 20°C 

in a growth chamber. The DGT device was retrieved from the soil after 1 h, and the 

binding gel removed. Then, the mass of As was determined using the XRF. The 

bioavailable As concentration in soil (CDGT) was calculated using Eq. 5.1 with Δg = 

0.78 mm, D = 4.79 × 10-6 cm2/s at 20°C, A = 2.54 cm2, t = 3600 s, and the mass of 

As (M, unit: μg) directly measured using the XRF. 

 

 

5.3. Results and discussion 

5.3.1. Calibration and analytical performance 

The X-ray intensity, measured at a Bragg angle of 48.781°, was plotted against 

the As content in the DGT resin in order to draw the calibration curve for As, which 

showed a strong linearity (R2 = 0.997) (Figure 5.1a). The limit of detection (LOD), 

defined as three times the standard deviation of the blank sample (σ, n = 7) divided 

by the slope of calibration curve (p) [22], was evaluated to assess the detection 

capacity of the DGT-XRF methodology. The LOD value was found to be 0.06 μg for 
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the DGT resin. The limit of quantification (LOQ, 10σ/p) was 0.20 μg, implying that 

it is recommended to control the DGT deployment time (t in Eq. 5.1) so that the As 

content adsorbed on the DGT resin is greater than 0.20 μg. 
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Figure 5.1. Measured X-ray intensities at the Bragg angle of (a) 48.781° for As-Kα, 

(b) 48.742° for Pb-Lα, and (c) 40.382° for Pb-Lβ1 with increasing As content (0, 0.8, 

1.7, 10.0, 17.6 μg) and (d) 48.781° for As-Kα, (e) 48.742° for Pb-Lα, and (f) 40.382° 

for Pb-Lβ1 with increasing Pb content (0, 5.4, 19.8, 83.5, and 157 μg) in the DGT 

resins, when using a LiF220 crystal (2d = 0.2848 nm). Calibration of Pb was 

achieved by using the Pb-Lβ1 line, because overlap between Pb-Lα and As-Kα can 

occur due to their proximity. Solid lines indicate the linear regression curves. 

 

5.3.2. Correction factor for compensating spectral interference of Pb 

The spectral interference between As-Kα and Pb-Lα as presented in Figure 5.1b 

and Figure 5.1d, owing to proximity of their emission energies (i.e., 10.542 keV for 

As-Kα and 10.550 keV for Pb-Lα) [16], should be corrected for using a correction 

factor (CF) [16,22,23]. The use of a proper CF is reasonable, as the coexistence of 
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As and Pb has been reported for several environmental matrices [26,27]. To derive 

the CF value, the X-ray intensity, measured at a Bragg angle of 48.781° (As-Kα line) 

was plotted against the Pb content in the DGT resin (Figure 5.1d). Although there 

was no adsorption of As onto the DGT resin, the X-ray intensity significantly 

increased with increasing the Pb content in the DGT resin. The CF value for 

compensating this spectral interference was set to 0.113, which is the slope of the 

linear regression between the X-ray intensity, measured at a Bragg angle of 48.781°, 

and the Pb content of the DGT resin (Figure 5.1d). The initial As intensity that can 

be influenced by the Pb content in the DGT resin can be corrected by using Eq. 5.3. 

 

𝐼𝑐 = 𝐼𝑖 − (CF × [Pb]𝐷𝐺𝑇)          (5.3) 

 

Where Ic is the corrected As intensity (kilo count per second; kcps), Ii is the initial 

As intensity (kcps), and [Pb]DGT is the Pb content in the DGT resin (μg). The Pb 

content in the DGT resin can be determined using an ancillary calibration curve 

based on the Pb-Lβ1 line, instead of Pb-Lα (Figure 5.1f), as it cannot be influenced 

by the As content in the DGT resin, and so can be used to determine [Pb]DGT in Eq. 

5.3. Although the As content in the DGT resin was altered, the X-ray intensity, 

measured at a Bragg angle of 40.382° (for Pb-Lβ1), was constant (Figure 5.1c). 
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Table 5.2. Comparison of the mass of As and Pb, determined by ICP-MS or ICP-

AES and by the DGT-XRF methodology, with and without the CF adjustment. 

Pb mass 

in the DGT resin (μg) 

 

As mass 

in the DGT resin (μg) 

 X-ray intensity measured 

at As-Kα (kcps) 

Using 

ICP-OES 

Using 

XRF 

 
Using 

ICP-OES 

Using XRF  

 
After CF 

adjustment 

Before CF 

adjustment 
 

After CF 

adjustment 

Before CF 

adjustment 

< 0.12 NDa  0.986 1.10 1.10  1.06 1.06 

5.85 5.11  0.891 1.09 1.68  1.06 1.63 

11.4 9.3  6.03 6.00 7.06  5.91 6.96 

15.0 16.4  0.285 0.362 2.23  0.333 2.18 

42.7 45.6  9.4 10.3 15.5  10.1 15.3 

43.0 39.9  1.73 1.94 6.49  1.89 6.40 

181 177  < 0.24 ND 20.2  NAb 20.0 

aND = not detected; The mass of analyte adsorbed on the DGT resin was lower than 

the limit of detection (0.06 μg for As). 

bNA = not applicable. The X-ray intensity was calculated as a negative number after 

employing the CF value. 

 

The As and Pb contents in the DGT resin, determined using the DGT-XRF 

methodology, were fairly similar to those determined using ICP-OES or ICP-MS 

analysis after employing the CF value, as shown in Table 5.2. The relative error (RE) 

defined as Eq. 5.4 ranged from 0.12 to 6.8 when the CF was not applied. On the other 

hand, the RE ranged from 0.005 to 0.27 after CF adjustment (Table 5.2). 
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𝑅𝐸 =
|[𝐴𝑠]𝐷𝐺𝑇−[𝐴𝑠]𝐼𝐶𝑃|

[𝐴𝑠]𝐼𝐶𝑃
          (5.4) 

 

Where [As]DGT is the As content in the DGT resin measured using the DGT-XRF 

methodology, and [As]ICP is the As content in the DGT resin measured using ICP-

MS or ICP-OES after acid digestion. 

 

5.3.3. Determination of bioavailable As concentrations in freshly spiked and 

aged soils 

The feasibility of the proposed DGT-XRF methodology was assessed by 

comparing phytotoxicity tests and bioavailable As concentrations. Phytotoxicty tests 

with barley H. vulgare were conducted using two different soils spiked for 1 d (i.e., 

freshly spiked soil) and 500 d (i.e., aged soil) with 100 mg/kg of As. Root elongation 

increased from 5.67 ± 1.53 to 10.2 ± 3.97 mm for soil A, and 7.33 ± 3.79 to 32.0 ± 

12.6 mm for soil B, according to incubation time (Figure 5.2a and Figure 5.2d). Also, 

shoot elongation increased from 0 to 5.33 ± 2.5 mm for soil A, and 0 to 11.5 ± 3.70 

mm for soil B (Figure 5.2b and Figure 5.2e). Concurrently, bioavailable As 

concentrations in soil, determined using the DGT-XRF methodology, decreased from 

23.3 ± 1.84 to 12.2 ± 1.23 μg/L for soil A, and 14.4 ± 0.939 to 10.1 ± 0.479 μg/L for 

soil B (Figure 5.2c and Figure 5.2f). These results indicate that, rather than total As 

concentrations in the soil, bioavailable As concentrations are likely to be related to 

the phytotoxicity of As to H. vulgare. 
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Figure 5.2. Growth of barley Hordeum vulgare, measured by root and shoot 

elongation, and bioavailable As concentrations in freshly spiked (1 d) and aged (500 

d) soils determined using the DGT-XRF methodology. Error bar indicates the 

standard deviation (n = 3). 

 

The aging processes are considered to be related a gradual shift from the 

formation of outer-sphere complexes (electrostatically driven) between 

metals/metalloids and soil particles, to inner-sphere complexes (chemically driven) 

with increasing incubation time [6, 28]. In addition, diffusion of metals/metalloids 

into micropores in the soil is likely to result in alleviated lability [29]. In this study, 

phytotoxicity to H. vulgare significantly decreased as reaction time increased 

between 1 and 500 d, although the total As concentrations remained constant. This 
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demonstrated that the lability and bioavailability of As in soils was alleviated via the 

aging phenomenon. By using the DGT-XRF methodology, the bioavailable As 

concentrations in both freshly spiked and aged soils can be effectively determined, 

whilst eliminating time-consuming and complicated sample handling procedures, as 

well as moving towards more environmentally friendly analytical chemistry by 

reducing the use of solvents [30]. 

 

 

5.4. Summary 

A simple and rapid method based on the combination of XRF and DGT was 

proposed for the analysis of bioavailable As in soil. The DGT provides an extremely 

simple method for separating labile and bioavailable As from soils, and allows direct 

preparation of the specimen for XRF analysis without the need for any pretreatment 

steps. As a result of the in situ sample preparation, this method also minimizes the 

probability of the transformation of labile As during sample storage, prior to 

chemical analysis. The DGT-XRF system achieved the LOD of 0.06 μg. The CF was 

derived as 0.113, and can effectively balance the spectral interference of Pb. The 

phytotoxicity of As to barley H. vulgare seems to be related to bioavailable As 

concentrations in both freshly spiked and aged soils, which were determined by 

means of the combined use of DGT and XRF, rather than total As concentrations in 

soils. The developed methodology can eliminate the elution step, thereby minimizing 

the use of solvents, making this method more environmentally friendly. 
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CHAPTER 6 

Conclusions 

 

 

The effectiveness of in situ stabilization, as a risk mitigation measure, in the 

arsenic (As)-contaminated soil should be evaluated by means of both chemical 

extractability and biological responses, as chemical analysis alone may not be 

sufficient to assess the ecotoxicity. Although bioassays are liable and realistic in 

determining As toxicity in soil, they are time-consuming and costly. As an alternative, 

biotic ligand model (BLM) was developed to predict the site-specific toxicity of 

inorganic arsenate (iAs(V)) in soil porewater by using the bioluminescent bacteria 

Aliivibrio fischeri. To enhance the accuracy of the BLM, the effects of major 

cations/anions and pH were assessed, and incorporated into the BLM. Phosphates 

(HPO4
2-/H2PO4

-) competition effect, which was commonly found in soil porewater, 

was incorporated into the BLM. Parameters of BLM including conditional binding 

constants of iAs(V) and phosphate to active binding sites on the surface of A. fischeri, 

and the fraction of active binding sites occupied by iAs(V) ions to induce 50% 

toxicity were determined. As a consequence, site-specific 50% effective 

concentrations (EC50) can be predicted by using BLM for iAs(V) with soil 

porewater chemistry data. This type of approach can be extended to a higher 

terrestrial plant (barley Hordeum vulgare) with the aid of interspecies extrapolation 
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of BLM. Through the calculation of iAs(V) activity near the root cell plasma 

membrane surface of H. vulgare, the fact that the iAs(V) toxicity increased as 

increasing Ca2+ concentrations can be successfully incorporated into the BLM for H. 

vulgare. Also, the free iAs(V) concentration in soil can be simply and rapidly 

analyzed by the combined use of DGT and X-ray fluorescence spectrometry. By 

compensating Pb interference with the aid of the correction factor derived in this 

study, the accurate labile iAs(V) concentrations in soil can be determined, which is 

highly correlated with phytotoxicity to H. vulgare. 

In order to derive site-specific 5% hazardous concentration (HC5), the entire 

normalized ecotoxicity dataset are required. This approach assumes that some 

species may also share BLM parameters (i.e., conditional binding constants between 

free metal ions or major cations and active binding sites (i.e., biotic ligand; BL) at 

the cell membrane surface of the organism). By following procedures in Figure 6.1, 

the site-specific HC5 can be calculated from the developed BLM in conjunction with 

the chemical analysis data of the soil porewater (soil solution). It may be able to 

provide a rapid and cost-effectiveness ecological risk characterization means. 
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Figure 6.1. Procedures for calculating HC5 values from the physicochemical 

properties of iAs(V) contaminated site and the extrapolated BLM with considering 

the effect of PM electrical potential (Ψ0). 
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국문초록 

 

Aliivibrio fischeri 및 Hordeum vulgare 에 대한 

비소의 현장특이적 생태위해성 예측을 위한 biotic 

ligand model 의 확장 

 

비소오염토양의 위해도 저감방법 중 하나인 원위치 안정화(in situ 

stabilization)의 효과를 평가하기 위해서는 화학적 추출 가능성뿐만 아

니라 생태독성 또한 분석되어야 한다. 생물검정법을 이용한 토양독성평

가는 신뢰성이 높지만, 시간과 비용이 많이 소요된다. 따라서 본 연구에

서는 기존의 biotic ligand model(BLM)을 확장하여 +5가 무기비소

(iAs(V))의 현장특이적 독성을 예측하고자 하였다. BLM 파라미터를 산

출하기 위해 발광성 미생물인 Aliivibrio fischeri를 사용하였다. 우선, 다

양한 환경인자(i.e., 주요 양이온(Ca2+, Mg2+, K+), 주요 음이온(HPO4
2-

/H2PO4
-, SO4

2-, NO3
-, HCO3

-), pH)가 iAs(V)의 독성에 미치는 영향을 

확인하였다. HPO4
2-의 활성도(activity)가 0에서 0.44 mM로 증가함에 

따라 EC50{HAsO4
2-}(50%의 발광성이 저해되는 HAsO4

2-의 활성도)가 

31 ± 6에서 859 ± 128 μM로 증가했다. 이는 PO4와 iAs(V) 사이

의 구조적 유사성이 A. fischeri 표면의 활성결합부위(active binding 

site)에 대해 경쟁효과를 발휘함을 의미한다. Ca2+, Mg2+, K+, SO4
2-, 



 

109 

NO3
-, 및 HCO3

-의 활성도 증가는 iAs(V)의 독성에 통계적으로 유의한 

영향을 미치지 않았다. 한편, pH가 5에서 9로 증가함에 따라 

EC50[As]T(50%의 발광성이 저해되는 iAs(V)의 농도)가 3,554 ± 

393에서 39 ± 6 μM로 감소하였고, 이는 H2AsO4
- 보다 HAsO4

2-가 

A. fischeri에 더 높은 독성을 발현함을 의미한다. PO4의 경쟁효과와 pH

에 의한 비소 종 변화에 따른 iAs(V)의 독성 변화를 반영할 수 있는 

BLM 기반 비소 독성예측모형의 매개변수를 결정하기 위해, pH 5와 pH 

9에서 PO4의 활성도(pH 5에서는 H2PO4
-, pH 9에서는 HPO4

2-가 존재)

를 달리하며 얻은 독성데이터(발광성 저해정도)를 이용하였다. 결정된 

매개변수는 각각 fmix
50% = 0.616, logKXH2PO4 = 3.424, logKXHPO4 = 

4.588, logKXH2AsO4 = 3.067 및 logKXHAsO4 = 4.802 이다. 

이러한 유형의 접근법은 종간외삽법(interspecies extrapolation)을 

통해 보리 Hordeum vulgare와 같은 고등식물에도 확장/적용될 수 있다. 

고유민감도(inherent sensitivity)만을 고려한 외삽된 BLM은 PO4의 경

쟁효과에 의한 iAs(V)의 독성변화를 잘 설명할 수 있었다. 또한, Ca2+의 

농도가 0.2에서 20 mM으로 증가함에 따라, 세포막 표면에 H2AsO4
-와 

HAsO4
2-가 축적되어 EC50{HAsO4

2-}값이 45.1 ± 4.34에서 15.0 ± 

2.60 μM으로 감소한다는 사실은, 세포막 표면의 전위(electrical 

potential)와 EC50{HAsO4
2-} 사이의 선형관계를 사용하여 외삽된 

BLM에 성공적으로 반영될 수 있었다. 
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토양 중 생물학적이용성이 높은 비소의 농도를 측정하는 방법을 단순

화하기 위해, X-선 형광분석법(X-ray fluorescence spectrometry; 

XRF)을 사용하여 diffusive gradients in thin film(DGT)에 이용되는 결

합수지(binding resin)의 직접분석 가능성을 확인하였다. DGT로부터 분

리한 결합수지는 25°C에서 2시간 동안 건조시킨 후, XRF로 직접 분석

하였다. DGT의 결합수지 내 비소의 질량과 그에 따른 X-선 강도는 강

한 선형성(결정 계수; R2 = 0.997)을 나타냈고, 검출한계가 0.06 μg인 

검정곡선을 생성할 수 있었다. Pb에 의한 간섭효과를 제거하기 위해, 결

합수지 내 Pb의 질량에 따른 Bragg 각도 48.781°에서 측정되는 X-

선 강도를 비교하였고, 이를 통해 보정계수 0.113을 산출하였다. 보정계

수를 이용할 경우, Pb의 간섭효과를 효과적으로 배제할 수 있었다. 

본 연구에서 개발한 확장된 BLM과 토양공극수 분석결과를 이용하여 

비소오염토양의 독성 또는 생물학적이용성을 효과적으로 평가할 수 있으

리라 기대된다. 

 

주요어: +5가 무기비소, biotic ligand model, diffusive gradients in thin 

film, 종간외삽법, 토양공극수 
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